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Arsenic, fluoride, and heavy metals in natural water and industrial wastewater 
have posed greater issues to humans. In this study, three types of cost-effective 
functionalized materials namely Zr-Mn binary metal composite nano-particle, Zr-Mn 
NP embedded hollow fiber membrane, and zirconium-functionalized chitosan bead 
are developed for the decontamination.  
A nanostructured zirconium-manganese binary hydrous oxide is first 
synthesized by a one-step simultaneous oxidation and coprecipitation method. The 
synthetic Zr-Mn binary hydrous oxide is amorphous; Zr and Mn in this adsorbent 
exist mainly in the oxidation state + IV. The Zr-Mn binary hydrous oxide particles are 
aggregated with smaller nanosized particles, resulting in a rough surface and high 
BET surface area of 213 m
2 
/g. The toxicity of the effluent is analysed by human cell 
lines, and the results show that these samples are cytocompatible without any toxic 
nature.  
The nano particles could effectively oxidize As(III) to As(V) and greatly 
remove both As(V) and As(III). Both As(V) and As(III) sorption are strongly pH 
dependent and decreases with an increase in pH value more than 5. The kinetic study 
suggested that the sorption process is very fast, and 90% of the equilibrium 
adsorption capacity is achieved within 2.5 hours. The maximal sorption capacities of 
As(V) and As(III) were 80 and 104 mg/g at pH 5.0, respectively. As(V) uptake may 
be mainly achieved through replacement of the hydroxyl groups and sulfate anions on 
the surface of the oxide and formation of inner complexes. While the As(III) removal 
xiv 
 
is a sorption coupled with oxidation process, in which MnO2 content is mainly 
responsible for oxidizing As(III) to As(V) and ZrO2 dominantly sorbes the formed 
As(V). 
Based on the results from the above lab-scale water treatment system, a 10 m
3
/d 
pilot-scale water treatment system is developed. This system includes the devices as 
adsorption, coagulation, sedimentation and ultrafiltration membrane for treating the 
arsenic contaminated natural water (lake water dosed with arsenic with concentration 
of around 100 ppb). The system has a good stability and the arsenic concentration and 
turbidity in the treated water can meet the USEPA drinking water standard.  
The Zr-Mn nanoparticles is also found to be very effective in the removal of 
both Cu(II) and Pb(II). Both adsorption are strongly pH dependent and reach the 
maximum uptake at pH>4.5 for Cu and pH> 3.5 for Pb, respectively. The adsorption 
equilibrium of Cu(II) and Pb(II) can be reached within 5 h at pH 5.0. The maximal 
sorption capacities of Cu(II) and Pb(II) are 1.247 and 0.936 mmol/g at pH 5.0, 
respectively. The co-substances have little effect on the adsorption of both heavy 
metals. The XPS analysis shows that the ZrO2 is mainly associated with the uptake of 
Cu(II) and Pb(II). 
The zirconium–manganese binary hydrous oxide can be further used for the 
adsorption of fluoride from water. It was found that the maximum adsorption of 
fluoride occurs between pH 2.5 to pH 3.5 for the adsorbents. The adsorption kinetics 
study showed that the adsorption of fluoride reached equilibrium at initial 4 h. The 
Langmuir model was found to be good description for the adsorption of fluoride; the 
maximum adsorption capacity at the optimal pH was 71 mg/g. The presence of humic 
xv 
 
acid and sulphate ions did not affect the adsorption of fluoride. However, the presence 
of phosphate and silicate ions reduced the uptake of fluoride. The changes in ionic 
strength due to the presence of NaClO4 did not affect the adsorption of fluoride 
significantly.  
Zr-Mn NP developed early is good for water treatment. However, it cannot 
directly added into the contaminated water, which can then be used for drinking. 
There is always a requirement for separation of the spent NPs. Due to the limitation, a 
new type of membrane is developed, namely, Zr-Mn NP embedded hollow fiber 
membrane for removal of arsenic, copper, and lead from water solutions.  
The Zr-Mn NP embedded HFM is found to be very effective in the removal of 
As(V), Cu(II) and Pb(II). Adsorption of these three substances is strongly pH 
dependent. The best adsorption for arsenic, copper and lead occurs at pH 3.5, 5.0 and 
5.0, respectively. The adsorption kinetics experiments show that the adsorption 
equilibrium of As(V), Cu(II)/Pb(II) can be reached within 4 h. The maximal sorption 
capacities of As(V) was 102.04 mg/g at pH 3.5, higher than what have been observed 
in the literatures. The maximum adsorption capacities for copper and lead were 44.4 
and 95.78 mg/g, respectively. Several filtration experiments by using the said 
membranes are conducted. The results showed that the membrane was suitable as 
both adsorption and filtration materials.  
Due to the excellent properties for adsorption of arsenic, copper, lead and 
fluoride, it is natural to consider to use this element to fabricate a new granular 
adsorbent, namely zirconium functionalized bead (ZCB). The ZCB can be used for 
the removal of both inorganic arsenic and DMA from water. The optimized 
xvi 
 
adsorption is found to be achieved at around pH 2.5 to 3. Hence further adsorption 
experiment was carried out at optimum pH conditions. The uptake of inorganic 
arsenic occurs rapidly within first 2 to 3 h and the adsorption equilibrium is achieved 
at around 6 to 8 h. However, the rate of DMA adsorption is slower. The adsorption 
isotherm of the ZCB can be well described by Langmuir isotherm model and the 
maximum adsorption efficiency is 98 and 26 mg/g at optimal pH for As(V) and DMA 
respectively. The presence of humic acid and sulphate had marginal effect on the 
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1.1  Background 
Water is essential to plants, animals and human beings. Contaminated ingested water 
poses an increasing greater threat to any living beings. Hence, it is important to maintain the 
water clean and free of contaminants to ensure their healthcare and survival. Arsenic, copper, 
lead and fluoride have exhibited certain chronic or acute toxicity to plants species and human 
beings. 
Metal contamination problems are often exacerbated because the metals have the 
tendency to be transported with sediments, are persistent in the environment due to 
nonbiodegradation nature and can bioaccumulate in the food chain. A few oldest cases of 
metal pollution in the world may be even traced back to the copper, mercury and lead mining, 
smelting and utilization by ancient civilizations, such as the Romans (27 BC–AD 476/1453) 
and the Phoenicians (1200 BC–539 BC) (Chen, 2012). 
The heavy metal contamination has become one of the most important environmental 
problems in the world, especially in many developing countries such as China and India.  
These contaminants often stream from many traditional industries such as electronics, 
machines, metal plating, mining, painting, tannery, jewelry, agricultural industry that 
produces and intensively uses fertilizer and biocides, oil extraction and production and car 
manufacturing. High-tech industries may also generate heavy metal waste streams. In 
addition to the industrial sources, some of the heavy metals may occur naturally in rock-
forming and ore minerals. As a result, there is a range of normal background concentrations 
of these elements in soils, sediments, waters and even living organisms.  
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Many aquatic environments have received heavy metals that have concentrations 
exceeding water quality criteria from agencies such as US EPA and WHO designed to protect 
the environment, animals and humans. 
1.1.1  Arsenic 
 The presence of arsenic in water can lead to adverse health effects ranging from acute 
lethality to chronic and even carcinogenic effects. The general population is mostly exposed 
to arsenic through drinking water. The USEPA and WHO have gradually reduced the 
maximum contaminant level (MCL) of arsenic in drinking water from 50 to 10 μg/L in order 
to reduce the health risk.  
 The pollution of arsenic in groundwater is a worldwide problem and most notably is 
found in Chile, China, Bangladesh and India. As(V) and As(III) generally occur in 
groundwater simultaneously and the latter is the dominant species. As(III) is much more 
toxic, soluble, mobile and difficult to remove than As(V).  
 
1.1.2  Copper and Lead 
 
Metals may exist in the nature in the forms of metal oxides, metal carbonate or metal 
sulfate and in the forms of soluble species that are complexed with various anionic substances 
called ligands, e.g. formation of copper hydroxides and copper chlorides when copper 
chloride is in a water solution.  
Copper and lead are two most important heavy metals that are commonly associated 
with pollution and toxicity problems, particularly when they are present in a soluble form. 
They are widely existing in our waters because they are commonly used by humans. 
Consumption of water that contains these heavy metals with concentrations above the 
regulated standards would cause a series of health problems. Due to the problems, the US 
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EPA has regulated these two heavy metals in the drinking water. Similarly, the WHO has the 




  Among the various contaminants found in drinking water, fluoride is of a great 
concern as it is one of the major inorganic pollutants found in groundwater as well as the 
surface water contaminated by industrial sources. Long term ingestion of high levels of 
fluoride has been found to cause harmful effects on the human health including dental 
fluorosis, skeletal fluorosis, brittle bones, and neurological damage. For this reason, the 
World Health Organisation has set the limit for fluoride in drinking water to be 1.5 mg/L.  
 However, there are still many people around the world who are relying on drinking 
water (mainly groundwater) that contains high fluoride amount and thus suffer from the 
harmful effects of fluoride. Several studies have shown that fluorosis is endemic in more than 
25 countries in the world and the total number of people affected is estimated to be more than 
250 million. Hence, the adverse effects on human health caused by fluoride contamination 
call for mitigation and global support for more research to be done in this issue. 
1.2 Treatment technologies and challenges 
  
Numerous research activities were undertaken to reduce the pollution of arsenic, heavy 
metals and fluorides over the past decades. Conventional physicochemical processes of 
removing these contaminants include chemical precipitation, coagulation, membrane 
filtration, electrochemical treatment, and sorption.  
Comparatively, Adsorption is considered to be the most promising technology for their 
removal from groundwater because of its high efficiency and cost-effectiveness. Thus, 
developing economical, effective, and reliable sorbents capable of removing arsenic, heavy 
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metals and fluoride from contaminated drinking water is very important. Researchers have 
been involved in the development of novel adsorptive materials which would be more 
efficient and sustainable compared to the currently available materials for the removal of 
these contaminants.  
However, the efficiencies for the removal of these contaminants are still low. Thus, 
more researches must be done so that affordable and efficient technologies can be developed 
and used for treating the arsenic, fluoride, and heavy metal ions. 
 
1.3  Objectives and scope 
The main aim of this research work is to seek alternative solutions to decontaminate the 
ground water from arsenic, heavy metals and fluorides. Hence, this research is intended to 
explore the possibilities of immobilizing distinctive functions onto solid substrates, for 
instance, binary metal oxides for anionic contaminants removal from aqueous solution.  
The work focuses on the development of novel nanoparticle materials, evaluation of 
their arsenic, fluoride and heavy metal sorption performances under various physicochemical 
conditions as well as investigation of the sorption mechanisms. Furthermore, the materials are 
encapsulated in polymeric materials to produce granular adsorbent and hollow fiber 
membrane.  
Therefore, the findings from this present study may have significant impact on 
providing alternative new materials which possess high capability for arsenic, heavy metal 
and fluoride removal from ground water. Furthermore, studies of the sorption behavior and 
pilot scale study of arsenic removal should also provide valuable information for further full-
scale industrial applications. Mechanism study may contribute to the understanding of the 
interaction occurring at water/solid interface. 
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This chapter provides a brief introduction on the gravity and concern of arsenic, heavy 
metal and fluoride contamination of groundwater, regulations, and treatment technologies. It 
introduces the motivation for the current study as well.  A more detailed literature reviews is 
presented in Chapter 2, followed by Chapter 3 that gives detailed information on materials, 
experiments and models.   
The results and discussions are covered under Chapters 4 to 8. In Chapter 4, the 
removal of arsenic and heavy metals by the novel Zr-Mn nano-particle sorbent is described. 
The engineering application of the sorbent for the removal of arsenic is elaborated in Chapter 
5. Chapter 6 illustrates the important operational conditions for the fluoride removal by the 
same nanoparticle sorbent; the adsorption mechanisms are also demonstrated.  
In the study presented in Chapter 7, a new type of membrane, namely Zr-Mn embedded 
hollow fibre membrane is developed for the removal of arsenic, copper and lead in batch 
reactor and filtration modes. Chapter 8 is for the uptake of arsenics by zirconium-
functionalized chitosan bead. Chapter 9 provides a summary of what has been achieved in 















This chapter presents detailed information about arsenic, fluoride and heavy metals 
including their chemistry, sources in the environment, toxic effects and corresponding 
regulations. Meanwhile, this chapter reviews the related literature of studies on current 
arsenic, fluoride and heavy metal treatment technologies.  
 
2.1  Arsenic 
2.1.1  Arsenic species 
    Arsenic, a metalloid element (atomic number 33), ranks 20th in abundance of elements 
in the earth’s crust, 14th in seawater and 12th in the human body (Mandal and Suzuki, 2002).  
Arsenic is a naturally occurring ubiquitous element with metalloid properties, which 
is highly mobilized element and mainly cycled by water in the environment. Arsenic is 
widely present in soil, rocks, sediments and metals ores in the form of oxyhydroxide or 
sulfide or compounds of various metals in the most part of world (Aronson, 1994). 
In the environment, arsenic has an unusually complex geochemistry with sorption-
desorption reactions, oxidation-reduction, precipitation-dissolution, ligand-exchange, 
biological transformation or all taking place (Jain and Ali, 2000). 
Arsenic is stable in four oxidation states: +5, +3, 0 and -3. Among them, the elemental 
state is extremely rare; and -3 is only found at extremely reducing conditions. In most aquatic 
environments, arsenic occurs in two dominant oxidation states: As(V) (arsenate) and As(III) 
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(arsenite). These arsenic elements are found in both inorganic and organic forms and their 
speciation is mainly controlled by the solution chemistry such as redox potential (Eh) and pH 
(Figure 2.1) (Smedley and Kinniburgh, 2002). Of the inorganic arsenic species, pentavalent 
arsenate (H2AsO4
- and HAsO4
2-) is the dominant and stable inorganic form in the oxygen-rich 
environments (well-oxidized water), while trivalent arsenite mostly exists as H3AsO3
0 and 
H2AsO3
- under reducing environments such as anaerobic groundwater.  
 
 
Figure 2.1 Eh-pH diagram for aqueous As species in As-O2-H2O at 25 
o
C, 1 bar   
Organic arsenic species including monomethylarsonic acid (MMA) and 
dimethylarsinic acid (DMA) which may be formed by biological activity, primarily in surface 
waters, are rarely quantitatively important; however, their concentrations cannot be neglected 
when waters are significantly contaminated through industrial or agricultural activities.  





Table 2.1 Structure and pKa values for various arsenic species 
Arsenic species Structure pKa1 pKa2 pKa3 
As(V) 
 
2.20 6.97 11.53 
As(III) 
      
9.22 12.13 13.4 
MMA 
  
4.19 8.77 -- 
DMA 
  
6.14 -- -- 
 
2.1.2  Occurrence and sources of arsenic in natural water 
Arsenic concentrations in natural water can vary by several orders of magnitude, 
which depend on the source of arsenic and the local geochemical environment. Typically, 
arsenic concentration in freshwater is less than 10 ug/L, and frequently less than 1 ug/L 
(Smedley and Kinniburgh, 2002).  
Nevertheless, many large aquifers in the world have been found with arsenic 
concentration above 50 ug/L. Many countries such as Argentina, Bangladesh, Chile, China, 
Hungary, West Bengal (India), Mexico, Romania, Taiwan, Vietnam and many parts of the 
USA, especially the south-west US have high arsenic concentration in their ground 
water.(Smedley and Kinniburgh, 2002). The occurrence of arsenic in groundwater and 
estimated population in affected countries are shown in Table 2.2 (Smedley and Kinniburgh, 
2002). It is understood that millions of individuals in the world are at risk owing to the 
exposure to high levels of arsenic, among which Bangladesh and West Bengal (India) 
experience the worst occurrences of all. It is estimated that around 35 million people of 
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Bangladesh and 6 million people of West Bengal (India) drink water containing high arsenic 
level. 
Table 2.2 Occurrence of arsenic in groundwater and estimated population in affected 
countries 
Country Concentration (ug/L) Estimated population exposed a 
Argentina < 1 - 5300 200, 000 
Bangladesh < 0.5 - 2500 30 millions 
China varied 5.6 millions 
Hungary, Romania < 2 - 176 29,000 
Mexico 8 - 620 400,000 
Northern Chile 100 - 1000 500,000 
South-west USA varied 350,000 
Taiwan 10 - 1820 10,000 
Vietnam 1 - 3050 > 1 million 
West Bengal (India) 10 - 3200 6 millions 
  a: population exposed to drinking water with As > 50 ug/L.  
 
Two main sources: natural processes and anthropogenic inputs are responsible for 
arsenic contamination in groundwater and surface water. High level of arsenic in groundwater 
is predominantly due to natural occurrences, e.g. oxidizing and reducing environment. The 
anthropogenic inputs may be locally severe but occurrences are rare.   
  Arsenic is mobilized naturally through a variety of processes such as weathering of 
arsenic-bearing rocks and sediments, volcanic emissions, atmospheric deposition, 
geochemical reactions as well as biological activity (Nriagu et al., 2007). It was reported that 
612×108 and 2380×108 g/year of arsenic were contributed by soil erosion and leaching 
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respectively, in dissolved and suspended forms in the ocean (Mohan and Pittman, 2007). 
Anthropogenic activities also release huge amount of arsenic to the water streams, such as 
mining activity, smelting and ore processing, combustion of fossil fuels as well as 
applications of arsenical pesticides, herbicides, crop desiccants and fertilizers. It is estimated 
that the anthropogenic activities contribute 82,000 metric tons of arsenic to the aquatic 
environment per year (Nriagu et al., 2007). 
 
2.1.3  Health effects and regulatory issues 
Arsenic is of considerable environmental concern as a toxic and carcinogenic element. 
The degree of toxicity usually depends on its chemical form (e.g. inorganic or organic), 
oxidation state and solubility in the biological media (Subramanian and Sukumar, 1988). In 
general, arsenic toxicity decreases with increasing degree of methylation; and the trivalent 
forms are considered to be more toxic than the pentavalent forms (Jain and Ali, 2000). Of the 
four predominant arsenic species in the environment, arsenite is the most toxic followed by 
arsenate, MMA and DMA.  
As(III) is more mobile in groundwater and 25-60 times more toxic than As(V). At low 
pH and mildly reducing environment (> 100 mV), As(III) is stable and exists as arsenious 
acid. On the other hand, under oxidizing conditions, As(V) is the predominant species and 
exists as arsenic acid. In the natural water, arsenite may easily be oxidized to arsenate in the 
presence of dissolved oxygen (Chen, 2012). 
  Biotransformation is the major metabolic pathway for inorganic arsenic (iAs) in 
humans and in most of the animal species. The chemical speciation of inorganic arsenic is 
important for health effects. Toxic inorganic arsenic species can be biomethylated by bacteria, 
algae, fungi, invertebrate and humans to form MMA and DMA which are less toxic than 
inorganic arsenic. Methylation of inorganic arsenic mainly occurs in liver but other organs 
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also have the arsenic methylation activity (Vahter, 2002). In this process inorganic arsenic is 
enzymetically biotransformed to methylated arsenicals including MMA and DMA, these are 
the end metabolites and the biomarker of chronic arsenic exposure (Biggs et al., 1997; 
Thomas et al., 2001). 
 
         iAs (V) => iAs (III) =>MMA (V) => MMA (III)=> DMA (V) 
 
Firstly, reduction of iAs (V) to iAs (III) is mediated by glutathion, used as reducing 
agent and then methyl group is transfered to iAs (III) from S-adenosyl methionine to form 
MMA (V). Then MMA (V) is reduced to form an intermediate metabolite 
monomethylarsonous acid (MMAIII) in methylation process and during the second 
methylation, MMA (III) is oxidized to DMA (V) (Le et al., 2000; Thomas et al., 2001). 
Glutathion and S – adenosyl methionine acts as co-substrate (Styblo and Thomas, 1995). The 
activity of first methylation step is represented by the ratio of iAs / MMA, if the ratio is high 
which indicate poor methylation and activity of second step is denoted by the ratio of MMA / 
DMA, if the ratio is low which indicate good methylation (Del Razo et al., 1997; Vahter, 
1999). Children are poor methylator and good excretor in comparison to the adults. Thus 
children are less susceptible to arsenicism (Concha et al., 1998; Chowdhury et al., 2003).  
Biomethylation is initially detoxification and deactivation process of toxic arsenic 
species. Methylated end products of inorganic arsenic are MMA (V) and DMA (V) that are 
excreted in urine as the biomarker of chronic arsenic exposure, but not MMA (III). MMA (III) 
is the intermediate product in methylation process. The toxicity of arsenicals include arsenite 
(III), arsenate (V), MMA (V), DMA (V) and MMA (III) are determined by using the criteria 
of leakage of lactate dehydrogenase (LDH), intracellular potassium (K+) leakage and 
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mitochrondrial metabolism of tetrazolium salt in change human hepatocytes (Petrick et al., 
2000, 2001). The order of toxicity of arsenicals is:  
 
MMA (III) > Arsenite (III) > Arsenate (V) > MMA (V) > DMA (V) 
 
In arsenic biotransformation the intermediate product monomethylarsonic acid 
(MMAIII) is highly toxic than other arsenicals, which might be responsible for the arsenic-
induced carcinogenesis and other effects (Styblo et al., 2000). Thus the methylation of arsenic 
is considered to be an activation process, not a detoxification. 
Chronic ingestion of inorganic arsenic causes multisystem adverse health effects. High 
dose of arsenic in drinking water causes characteristic skin manifestation, vascular disease 
including arteriosclerosis, peripheral vascular disease and ischemic heart disease (ISHD), 
renal disease, neurological effects, cardiovascular disease, chronic lung disease, 
cerebrovascular disease, reproductive effects and cancers of skin, lungs, liver, kidney and 
bladder. Increased exposure of arsenic is also associated with non-insulin dependent diabetes 
mellitus (Rahman et al., 1998; Wang et al., 2003).  
Arsenic exposure from drinking water was associated with reduced intellectual function 
of children in Bangladesh. In dose-response manner, the children who use the drinking water 
with high arsenic concentration >50 μg/l execute lower performance than those children, 
using drinking water with low arsenic <5.5 μg/l (Wasserman et al., 2004).  
Arsenic is also associated with the growth retardation in children. The height of 
children might be affected by the arsenic in drinking water. The children who have high 
arsenic concentration in their hair had less height than the children with low arsenic 
(Siripitayakunkit et al., 2000b).  
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Arsenic contaminated drinking water is also responsible for spontaneous abortion, 
stillbirth and infant mortality (Aschengrau et al., 1989; Rich et al., 2000). Skin manifestation 
is the most common and initial sign of chronic arsenic exposure. Chronic ingestion of arsenic 
causes characteristic melanosis, keratosis, basal cell carcinoma and squamous cell carcinoma 
(Maloney, 1996). Long-term exposure to arsenic in drinking-water is associated with cancer 
at several sites, particularly skin, bladder and lungs (WHO, 2004). Arsenic is also linked to 
nausea, vomiting, diarrhea, abnormal heart rhythm, partial paralysis, blindness, 
hyperkeratosis, pigmentation changes, cardiovascular disease and nervy system disturbance 
(Jain and Ali, 2000; Choong et al., 2007). 
12 % of the individuals exhibited dermatological manifestations in Antofagasta for 
consuming high arsenic-containing drinking water. In some areas of North Mexico, arsenic 
exposed population showed one of the cutaneous signs of chronic arsenic poisoning (Jain and 
Ali, 2000). Peripheral vascular disease called “blackfoot” in Taiwan was attributed to the 
higher arsenic exposure via drinking water (Tseng et al., 2005). In Bangladesh, more than 
200,000 people die from cancer caused by drinking arsenic-contaminated water. It is claimed 
that arsenic contaminated groundwater in West Bengal, India is the biggest calamity in the 
world (Choong et al., 2007).  
USEPA, WHO and International Agency for Research on Cancer (IRAC) classified 
arsenic as a Group A carcinogen. In 2004, WHO reduced the maximum permissible limits of 
arsenic in drinking water from an earlier value of 50 to 10 ug/L (WHO, 2004). European 
Union (EU), USEPA and other authorities accepted this reduced limit (Vaclavikova et al., 
2008). EU Directive 2000/60/CE defined more stringent arsenic concentration level of 





2.1.4   Existing treatment technologies 
The technologies of arsenic removal can be divided into five main categories: 
coagulation/precipitation, ion exchange, membrane filtration, biological process, and 
adsorption. As(V) can be effectively removed by the available technologies. For As (III), it is 
usually converted through pre-oxidation to As(V) by oxidants such as chlorine, hypochlorite, 
potassium permanganate, ozone, hydrogen peroxide and Fenton reagent. The treatment of 
organic arsenic is seldom researched. Among limited researches reported in the literatures, 
the adsorption is typically used.  
 
Coagulation/precipitation 
Coagulation/precipitation either by alum or iron coagulants or lime softening is a 
commonly used and effective technique for arsenic removal on a large-scale treatment 
facility. Commonly used coagulants for arsenic removal are aluminum salts (e.g. alum) and 
ferric salts (e.g. ferric chloride, ferric sulfate), which hydrolyze to form aluminum and iron 
hydroxide particulates, respectively; while lime softening apparently removes arsenic through 
co-precipitation of arsenic on calcium carbonate and hydrous magnesium oxide floc. The 
efficiency and economics of these processes depend on the type and dosage of chemical 
agents, initial arsenic concentrations and pH value.   
Removal of As(III) and As(V), with three different initial concentrations, was carried 
out by different doses of ferric chloride (Zafar and Ashraf, 2010). It showed very good 
removal of arsenic with ferric chloride. In general, removal efficiency was found to improve 
with increasing ferric chloride dose and longer settling times. An iron (added as ferric 
chloride) dose of 20 mg/L could bring down arsenate concentration below 30 ppb from an 
initial concentration of 1000 ppb. 
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Arsenic removal by coagulation/precipitation can be achieved via three mechanisms 
(Edwards, 1994). All these three mechanisms can independently contribute towards 
contaminant removal. 
1. precipitation:  formation of the insoluble compounds such as Al(AsO4) or 
Fe(AsO4); 
2. co-precipitation: incorporation of soluble arsenic species into a growing metal 
hydroxide phase; 
3. adsorption: the electrostatic binding of soluble arsenic to the external surfaces of 
the insoluble metal hydroxide. 
Numerous studies have been performed to evaluate arsenic removal using alum and 
iron salts. In the lab-scale tests, 99 % of arsenic can be removed by both iron or aluminum 
salts under optimal conditions, and the residual arsenic content can be brought down to less 
than 1 μg/L (Cheng et al., 1994).  
On the other hand, full-scale facilities have lower efficiency, from 50 % to over 90 % 
removal. Ferric and alum coagulation are found equally effective for arsenic removal on a 
molar basis (Edwards, 1994). On the basis of weight, alum performs slightly lower than ferric 
salts (Cheng et al., 1994; Scott et al., 1995; Hering et al., 1997). The reason for this is mainly 
because iron hydroxide is less soluble than aluminum hydroxide over a wide range of pH 
(Hering et al., 1997). 
It is noted that coagulation/precipitation process demonstrates high level of efficiency 
in removing arsenic from water and waste water. Nevertheless, it requires lime softening as 
secondary treatment to consistently meet a low-level MCL required by USEPA. The 
coagulation/precipitation process also produces a large amount of wet bulky sludge which 




Various types of ion exchange resins (IXs) have been developed for the removal of 
arsenic. The resins are based on matrix, which mostly consists of polystyrene cross-linked 
with divinylbenzene. Typically, IXs are used in the water industry for the treatment of low-
concentration arsenic for drinking. The arsenic is removed as per the reaction:      
R-Cl+ H2AsO4
- = R-H2AsO4+ Cl
-.  
Only ionic species are removed. The resins can be regenerated with concentrated NaCl 
(brine).  
In the studies of arsenic removal by ion exchange, Calmon (1973) found that cation 
exchangers were ineffective, but to some degree, several anion resins managed to remove 
arsenic in both batch equilibrium tests and column studies. Anion exchange resins come in 
the form of either weak base or strong base. Van der Waals bonding, ion exchange as well as 
electrostatic interaction are responsible for the major arsenic removal by the resins, which are 
activated by the hydroxyl groups. Nevertheless, the capacity of removal largely depends on 
the presence of other competing species in solution such as sulfate, total dissolved solids 
(TDS), selenium, fluoride, phosphate and nitrate. Generally, ion exchange resins can remove 
up to 95 % of arsenate when the water has low sulfate content. The treat ranges from 
hundreds to over a thousand bed volumes before the breakthrough occurs. Hence, ion 
exchange is not used in waters with high levels of sulfate and TDS. 
Strong base anion resins are used in the ion exchange process. Their selectivity 


















 must be removed before As (in the form of HAsO4
2-





 from resin. In reality, it is rather challenging to use the IXRs for the treatment 
of arsenic in groundwater as it normally contains high concentrations of sulphate, chloride, 
humc substance and carbonate/bicarbonate. For example, the sulphate concentration in the 
groundwater in some of areas can be as high as 50 to 100 ppm (mg/L), which would strongly 
compete with arsenic (that has concentration of only 50 to 200 ppb) for the exchangeable 
anions. As a result, the removal of arsenic can be quite low.  
 
Membrane technologies 
Membrane techniques like Nanofiltration (NF), Reverse osmosis (RO) and 
Electrodialysis (ED) can be used for the removal of dissolved solids including arsenic from 
water. In this process, arsenic is removed from water by passing it through a membrane or 
semi-permeable barrier. 
It was reported that the NF was able to remove more than 90 % of As(v) and the 
recovery was between 5.6 to 15 % (Kosutic et al., 2005). The effects of operating parameters 
on arsenic removal by NF were investigated and found that an increase of pH, a decrease of 
temperature and arsenic feed concentration led to higher arsenic rejection (Figoli et al., 2010). 
Among all the parameters affecting the removal, feed concentration plays a vital role for the 
production of a permeate stream within the allowed limits imposed by WHO.   
By using thin film composite NF membrane, Harisha and the coworkers removed 
arsenic from drinking water. They found that the commercial membranes retained substantial 
flux and was able to reject up to 99.8 % of arsenic and decrease arsenic concentration to the 
level stipulated by WHO. They also found that the efficiency of the process were dependent 
on pH and the presence of other ions (Harisha et al., 2010). 
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RO operated at a higher working pressure than NF is another membrane technique for 
arsenate removal from water, which have arsenic removal efficiencies of more than 95 % 
against ideal operating pressure. Ning in his study claimed to remove commonly high 
oxidation state of arsenic (V) by RO (Ning, 2002). Weakly acidic As(III) species removal by 
operation of RO at sufficiently high pH is made possible by newer antiscalants; practical 
processes can be developed with RO to remove all major species of arsenic from water.   
Walker and coworkers found that the treated waters of one third of the 59 household 
reverse osmosis units exceeded 10 ppb level (Walker et al., 2008). Even though the rejection 
of RO could remove 95 % of arsenic, the higher arsenic in the treated water was attributed 
firstly to the high arsenic concentrations and secondly due to the dominance of AS(III) 
species in 15 % of the wells, which significantly reduced the removal efficiency.  
Both NF and RO membrane techniques easily meet the regulation limit of arsenic. 
These processes do not produce toxic sludge. Along with arsenic, these processes can 
simultaneously remove other dissolved toxic contaminants. Nevertheless, these processes are 
expensive due to the high initial investment, technological development costs, membrane 
material cost, and their energy consumption. They suffer from the low water recovery (only 
10-20 % of the raw water passes through the membrane). This could be an issue in the region 
where there is water scarcity. RO and NF membrane fouling is another issue in operation; 
fouling prevention and membrane maintenance systems are needed. Concern of the 
concentrate discharge also needs consideration. 
ED is similar to RO except the driving force; an electric current is applied to draw the 
ions through the semi-permeable membrane. ED has high arsenic removal efficiency 
(Pedersen et al., 2005; Basha et al., 2008). It is easy to operate ED. However, compared to 
NF and RO, ED is expensive and has lower process efficiency. This is the reason why the ED 
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is not well used in treating the arsenic containing water.  
 
Biological processes 
Biological treatment has high potential for the removal of arsenic species. Usually, two 
types of arsenic and microorganism interactions take place. The first one is considered as the 
direct bioaccumulation of arsenic species by different forms of microbial biomass. The other 
one is considered as the microbial oxidation process, which produces biogenic hydroxides or 
sulfides for subsequent arsenic sorption or precipitation (Wang and Zhao, 2009). Various 
factors like pH, contaminant concentration, available nutrients and temperature affect the 
performance of biological treatment. 
Mondal and coworkers used three bacterial strains, namely, Ralstonia eutropha MTCC 
2487, Pseudomonas putida MTCC 1194 and Bacillus indicus MTCC 4374 to study their 
arsenic removal efficiencies from simulated wastewater. The resulting removal efficiencies 
were found to be 67 %, 60 % and 61 %, respectively (Mondal et al., 2008). Pokhrel and 
others managed to remove 95 % of As(V), 75 % of As(III), and 50 % of DMA from 
contaminated water at pH 6 by using fungal biomass (Aspergillus niger) coated iron oxide 
(Pokhrel and Viraraghavan, 2006, 2008).  
The biosorption of As(III) on iron-coated fungal biomass of Paecilomyces sp. was 
studied. It was found that the biomass was very efficient removing the metal in solution, 
using Atomic Absorption, reaching the next percentage of removals of 64.5%. The highest 
adsorption was obtained at pH 6.0, at 30°C after 24 hours of incubation, with 1 mg/L of 
modified fungal biomass (Ismael et al., 2013). 
Kostal and coworkers used genetical engineering techniques to examine the cellular 
accumulation of arsenic and found that the metalloregulatory protein ArsR, overexpressed in 
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engineered bacteria Escherichia coli managed to accumulate 5 and 60 times higher levels of 
As(III) and As(V) respectively than the cells without ArsR overexpression. 1.47-2.2 nmol/mg 
dry weight of arsenic accumulation was noted. The engineered cells could remove 98 % of 50 
ug/L arsenite from contaminated water (Kostal et al., 2004). 
Arsenic can also be removed from solutions by sequestering as insoluble arsenic-sulfide 
complexes through the metabolic activity of anaerobic sulfate-reducing bacteria. Teclu and 
the coworkers used a mixed culture of sulfate-reducing bacteria to examine the removal of 
arsenic species from groundwater (Teclu et al., 2008). 77 % of As(V) and 55 % of As(III) 
removal was possible at pH 6.9 with initial arsenic concentration of 1mg/L, contact time of 
24 hours and biomass of 2 g/L.  
A hybrid bio-physicochemical treatment process for arsenic removal from groundwater 
was developed by Hassan and the coworkers (Hassan et al., 2009). In this process, various 
indigenous iron-oxidizing bacteria found in most groundwater form various complexes of 
adsorbing solids by oxidizing iron in the presence of organic matter. Biogenic iron oxides 
directly adsorbed arsenic, which was eventually precipitated. Additionally, it was also found 
that in the process, microbiological oxidation of arsenite to arsenate took place. This led to 
overall high removal efficiency of more than 95 % arsenic removal. 
The advantage of biological treatment of arsenic is that it produces less sludge than 
conventional coagulation/precipitation process. On the other hand, biological activity 
efficiencies may be affected if the arsenic concentration is high. Biological treatment also 
needs to encourage the growth of microorganisms by adding the nutrients, which makes it 






Various materials such as activated carbon (AC), industrial / agricultural by-products or 
wastes, soils and constituents as well as metal-based sorbents have been studied for arsenic 
adsorption. Typically, the adsorption capacities of these materials are lower than the materials 
developed in this thesis. 
AC is commonly used in arsenic adsorption. Eguez and Cho examined the sorption of 
arsenic onto activated charcoal against pH and temperature (Eguez and Cho, 1987). The 
adsorption capacity of As(III) remained same over the pH range of 0.16-3.5 and maximum 
sorption of As(V) took place at pH 2.35. The results suggest that physiosorption occurred due 
to weak Van der Waals forces.  
Lorenzen and coworkers studied three activated carbons with different ash contents for 
arsenic sorption. These were coconut shell carbon with 3 % ash, peat-based extruded carbon 
with 5 % ash and a coal-based carbon with 5-6 % ash (Lorenzen et al., 1995). The activated 
carbon with higher ash content removed higher level of As(V). 
Nevertheless, the commercial AC is not suitable as they are expensive for the 
developing countries (Choong et al., 2007). Hence, other low-cost materials which are 
abundant in nature may be used. These are industrial and agricultural by-products or wastes, 
soils, clay minerals and zeolites. 
Red mud, known as Bauxol, is a waste material, which is formed in the process of 
alumina production, when bauxite ore undergoes caustic leaching. Bauxol neutralized by 
seawater, acid treated activated Bauxsol (AB) or combined with heat treatment, Bauxsol with 
added ferric sulfate or aluminum sulfate, and chemically modified AB-coated sand were all 
used in the arsenic removal process (Mohan and Pittman, 2007). Liquid phase of red mud 
(LPRM) was also used for the removal of arsenate from aqueous solution. It was concluded 
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that it is useful to treat arsenical wastewater with the waste material of LPRM, possibly in 
combination with red mud solids as sorbent (Altundogan and Tumen, 2003). 
Agricultural wastes like rice husk, coconut husk, amine modified coconut coir, orange 
juice residues and waste tea fungal biomass also have been used as alternative sorbents for 
water purification or wastewater treatment (Choong et al., 2007). Amin and the coworkers 
used rice husk for the removal of arsenic from groundwater. Ghimire and the coworkers used 
chemically modified orange juice residue for the removal of arsenic. The prepared sorbent 
reportedly achieved the maximum sorption capacities of 0.91 and 0.94 mmol/g for arsenite 
and arsenate respectively (Ghimire et al., 2002). 
A series of researches (Smedley and Kinniburgh, 2002; Jekel, 1994; Pierce and Moore, 
1982; Raven and Jain, 1998) has been conducted on the adsorptive removal of As(V) and 
As(III) by the iron(III) (hydroxides), due to their high affinity towards inorganic arsenic 
species and low cost.  
Gu and the coworkers developed iron-containing granular activated carbon sorbents 
(As-GAC) for arsenic removal from drinking water (Gu et al., 2005). Granular activated 
carbon (GAC) was used as a supporting medium for ferric ions which were impregnated by 
aqueous ferrous chloride and followed by hypochlorite chemical oxidation. Removal of 
arsenic by As-GAC was optimum when the iron content was around 6 %. Further increase in 
iron was unfavorable for arsenic uptake. Nano-iron (hydr)oxide impregnated GAC (Fe-GAC) 
samples were synthesized by Hristovski and the coworkers using two different preparative 
methods (Hristovski et al., 2009). The Fe-GAC developed via the permanganate method had 
almost five times more arsenic sorption capacity compared to the one prepared by direct 




Iron and iron based compounds like zero-valent iron, bimetallic sorbent, iron 
oxides/oxyhydroxides and iron oxides/oxyhydroxides-based sorbents have been widely used 
to remove arsenic. Mechanism of such arsenic removal consists of ion exchange, specific 
sorption to surface hydroxyl functions or coprecipitation. Usually, the exposed surface area of 
Fe(0) plays vital role in both the sorption kinetics and capacities. Kanel and the coauthors in 
their study concluded that the nanoscale zero-valent iron (NZVI, 1–120 nm diameter) 
removed As(V) from groundwater within minutes whereas it took hours to days for micron-
sized iron. Partial reduction of As(V) to As(III) and formation of an inner-sphere surface 
complex on the surface were confirmed through instrumental analysis. Sorption and 
coprecipitation were responsible for the reaction mechanism. (Kanel et al., 2006).   
In the study of arsenic sorption, Zhang and the coworkers used a Fe-Ce bimetal sorbent, 
which were found to have substantially higher As(V) sorption capacity of 2 mmol/g 
compared to the sorption capacity of individual Ce oxide (CeO2) and Fe oxides (Fe3O4) of 
0.45 mmol/g and 0.35 mmol/g respectively under the same procedure (Zhang et al., 2005).  
Many iron oxides/oxyhydroxides like amorphous hydrous ferric oxide (FeOOH), 
goethite (α-FeOOH), akaganeite (β-FeOOH) and hematite (α-Fe2O3) are capable of removing 
both As(V) and As(III) from aqueous solutions (Choong et al., 2007; Mohan and Pittman, 
2007). Among these sorbents, amorphous hydrous ferric oxide has the highest sorption 
capacity as it has the highest surface area (Mohan and Pittman, 2007). Nevertheless, during 
its preparation it has the tendency to form crystalline iron oxides with low surface area. This 
considerably affects its performance. At that, most of the iron oxides exist as fine powders 
which have difficulty in solid/ liquid separation. Hence, it is usually proposed to include 
powder oxides/oxyhydroxides into a well organized host matrix. Many other iron 
oxides/oxyhydroxides based sorbents like iron oxide-coated polymeric materials, iron-oxide 
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coated sand, iron-oxide coated cement, iron-hydroxide coated alumina and iron-doped 
alginate gels were studied for arsenic removal. A comparison table of the sorption capacities 
of selected iron oxides/oxyhydroxides based sorbents used for arsenic is shown in Table 2.3 
(Choong et al., 2007; Mohan and Pittman, 2007).  
Table 2.3 Arsenic sorption capacities of selected sorbents 
Sorbent Type of water pH 
Capacity (mg/g) 
As(V) As(III) 
Fe-oxide coated sand drinking 7.6 0.043 0.041 
Fe(III) loaded chelating 
resin 
aqueous solution 9.0 for As(III) 
3.5 for As(V) 
55.44 62.93 
Fe(III) alginate gels -- 4.0 6.44 -- 
Fe-hydroxide coated 
alumina 
drinking water 6.62-6.74 for As(III) 
7.15-7.2 for As(V) 
36.64 7.64 
Iron oxide coated 
cement 
drinking water approx. 7 
6.43 0.67 
Bead cellulose loaded 
with iron oxyhydroxide 
groundwater 7.0 
33.2 99.6 
    
Arsenic sorption behavior was examined using lanthanum (III) and/or cerium (III)-
loaded orange waste gels (Biswas et al., 2008). Results showed that arsenate sorption was 
more favorable over a pH rang of 6-9.5 whereas arsenite was better adsorbed at pH 9-11. This 
chemically modified orange waste gels can effectively remove arsenate and arsenite with 
maximum sorption capacities of 42 and 43 mg/g, respectively. A novel Ce-Ti oxide sorbent 
was prepared by the hydrolysis-precipitation method and employed for arsenate removal 
from water (Deng et al., 2010). Spectroscopic investigations revealed that this sorbent was 
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composed of some nanoparticles in the size range of 100-200 nm, which aggregated to form 
porous sorbents. At the equilibrium As(V) concentration of 10 ug/L, the average sorption 
capacity of this hybrid sorbent was up to 7.5 mg/g, indicating the high removal capability at 
low concentrations. 
As(III) removal is usually not as effective as As(V) removal for these adsorbents at 
concentrations normally found in natural water. Several metal based adsorbents are 
reportedly used, which include iron, titanium, cerium as well as rare earth metal (e.g. 
lanthanum) (Biswas et al., 2008; Jing et al., 2009; Deng et al., 2010).  
A low cost ferruginous manganese ore (FMO) has been studied for the removal of 
arsenic from groundwater. The major mineral phases present in the FMO are pyrolusite and 
goethite. The FMO can adsorb both AS(III) and As(V) without any pre-treatment, adsorption 
of As(III) being stronger than that of As(V). Both As(III) and As(V) are adsorbed by the 
FMO in the pH range of 2–8. Once adsorbed, arsenic does not get desorbed even on varying 
the pH in the range of 2–8. Presence of bivalent cations, namely, Ni2+, Co2+, Mg2+ enhances 
the adsorption capability of the FMO. The FMO has been successfully used for the removal 
of arsenic from six real groundwater samples containing arsenic in the range of 0.04–
0.18 ppm (Chakravarty et al., 2002). 
An innovative Fe–Mn binary oxide adsorbent was prepared by Zhang and coworkers 
(2007) for treatment of both arsenate and arsenite. It was demonstrated that the Fe-Mn binary 
oxide had a very good adsorption performance. It was able to completely oxidize As(III) to 
As(V). It was effective for both As(V) and As(III) removal, particularly the As(III) within a 
short period of operation (~12 hours). The maximal adsorption capacities (qmax) and the 
Langmuir constant related to heat of adsorption (b) of As(V) and As(III) were 0.93 and 1.59 - 




, respectively. The pH effect was less 
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significant in the removal of As(III) and As(V) in groundwater that has pH of 6 to 7.5. 
Furthermore the ionic strength was not critical in the removal.  
A zirconium-based nanoscale sorbent was designed and fabricated for the adsorption of 
arsenic by Ma et al. (2011). The uptake of As(V) reached equilibrium within 12 hours. The 
result was much better than many available adsorbents for anionic pollutants removal. The 
best As(V) uptake was in the pH range between 2.5 and 3.5. At an extremely acidic situation, 
the adsorption increased with an increase in pH, and reached a maximum uptake at pH 
around 3.0. The uptake of As(V) decreased with a further increasing of pH (Chen, 2012). 
 
2.2  Fluoride 
2.2.1  Fluoride species 
Fluorine is a natural trace element and exists in almost all soils. In elemental form 
fluorine is a flammable, irritating, and toxic halogen gas that is one of the most powerful 
oxidizing agents known. It therefore occurs naturally only in the reduced (fluoride, F
-
) form 
in combination with other minerals. Fluoride is classified as any binary compound of fluorine 
with another element. Fluoride compounds make up approximately 0.08 percent of the earth’s 
crust. Fluorspar, cryolite, and fluorapatite are the most common fluoride producing 
compounds known. Fluorspar contains the highest percentage of fluoride by weight, as 





2.2.2  Occurrence and sources of Fluoride in natural water 
Mainly two factors are responsible for contamination of groundwater with fluoride- 
geological and anthropogenic. Rock geochemistry has a major control role on geological 
fluoride contamination. Physiological conditions of rock, like decomposition, dissociation 
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and subsequent dissolution along with long residence time may be the responsible factors for 
the F
-
 leaching (Madhnure et al., 2006).  
The natural concentration of fluoride depends on the geological, chemical and physical 
characteristics of the aquifer, as concentrations of up to 38.5 mg/L have been reported in 
India (Qian et al., 1999). Waters with high fluoride content are found mostly in calcium-
deficient ground waters in many basement aquifers, such as granite and gneiss, in geothermal 
waters and in some sedimentary basins.  
Groundwater with high fluoride concentrations occurs in many areas of the world 
including large parts of Africa, China, the Middle East and southern Asia (India, Sri Lanka). 
One of the best known high fluoride belts on land extends along the East African Rift from 
Eritrea to Malawi. There is another belt from Turkey through Iraq, Iran, Afghanistan, India, 
northern Thailand and China.  
Among anthropogenic factors, industrialization, urbanization and improper utilization 
of water resources are of prime importance, in case of the developing countries. Fluoride can 
be released in higher concentrations to the atmosphere than it occurs naturally, through a 
number of industrial processes. Some of these are the manufacture of cement and bricks, 
electric industries, the refining of aluminium and the processing of slag from electric furnaces 
and from steel manufacture, where a fluorite flux is used. 
It should be noted that arsenic and fluoride contamination typically occurs 
simultaneously. Take India as an example, some of the places in the country always have 
both fluoride and arsenic contamination in the groundwater.  
 
2.2.3   Health effects and regulatory issues 
Most of the studies of fluoride intake have been done in developed countries. In 
temperate climates, daily exposure is about 0.6mg/adult/day if the water is not fluoridated. 
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The WHO guideline value for fluoride is 1.5 mg/L, with a target of between 0.8–1.2 mg/l to 
maximise benefits and minimise harmful effects. Acceptable levels depend on climate, 
volumes of water intake and the likely intake of fluoride in other sources. Much depends on 
whether other sources, such as those mentioned above, also have high levels. 
Fluoride is a desirable substance: it can prevent or reduce dental decay and strengthen 
bones, thus preventing bone fractures in older people. Where the fluoride level is naturally 
low, studies have shown higher levels of both dental caries (tooth decay) and fractures. 
Because of its positive effect, fluoride is added to water during treatment in some areas with 
low levels.  
However, the water with concentration of above 1.5 mg/L may have long-term 
undesirable effects as shown in Table 2.4. Much depends on whether other sources, such as 
vegetables, also have high levels. The risk of toxic effect rises with the concentration.  
Table 2.4 Effects of different level of fluoride on human health 
Level in water Effects 
0.8–1.2 mg/l Prevention of tooth decay, strengthening of skeleton 
Above 1.5 mg/l Fluorosis: pitting of tooth enamel and deposits in bones 
Above about 10 mg/l Crippling skeletal fluorosis 
 
2.2.4  Existing treatment technologies  
It is difficult and expensive to reduce a high natural level of fluoride in water. This 
means that it is important to find an alternative source with lower fluoride levels. If there is 
no other possible or cost-effective source, de-fluoridation must be attempted to avoid the 
toxic effects. The best method depends on local circumstances. Only the water for drinking 
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and cooking needs to be de-fluoridated. The entire water demand is often ten times higher 




Calcium containing compounds/materials can be used to remove fluoride from water. 
Addition of lime to precipitate fluoride can lower the fluoride concentration to about 1 mg/L 
but it increases the pH of water. 
Alkaline MgO and CaO followed by adjustment of pH with NaHSO4 was used for 
fluoride removal (Rao and Mamatha, 2004). Calcium hydroxide, calcium chloride and 
calcium sulphate have been tried for fluoride removal (Vigneswaran and Visvanathan, 1995).  
When the initial concentration of fluoride is higher, it is easier to precipitate fluoride as 
CaF2 since it can reach the supersaturation level easily. However, when fluoride concentration 
is low, it is difficult to precipitate. It is challenging to decrease the fluoride from lower 
strength (e.g., 10 - 20 mg/L) to drinking water level by the precipitation method alone. 
 
Electrochemical technology 
An electrocoagulation (EC) reactor may be made up of an electrolytic cell with one 
anode and one cathode and when a current is passed through the electrodes, electrolysis of the 
water takes place and produces bubbles of hydrogen and oxygen gas. These bubbles float to 
the top of the tank, they collide with particles suspended in the water on the way up, adhering 
to them and floating them to the surface of the water. Essentially, the EC is a combination of 
coagulation, redox and floatation. Several researchers (Le-Change, 1985; Mameri et al., 1998; 
Ming et al., 1983; Shen et al., 2003) have demonstrated that EC using aluminium anodes is 




RO/NF and electrodialysis are two membrane filtration processes which can be used for 
removal of fluoride. 
RO can be used as a stand-alone treatment for most source waters. Beside fluoride 
molecules also other molecules will be retained. RO is listed as a fluoride removal best 
available technique (BAT). Using a cellulose acetate/cellulose triacetate (CA/CTA) 
membrane, rejection rates of 80-90 percent are achievable when the pH is in the 4-8.5 range. 
Thin Film Composite membranes (TFC) yield a higher rejection rate (up to 95 percent) in the 
3-11 pH range. Both the CA/CTA and TFC membranes should be operated at a minimum 
membrane pressure differential of at least 30 psi. 
RO has high water loss of some 20-40% due to high source water silica concentrations. 
It has a high energy consumption, material cost, and capital costs. In addition, it may require 
pre- (filtration) and post- (pH/alkalinity adjustment) treatment.  
ED is a membrane process similar to RO, except that ED uses an applied DC (electric 
current) instead of pressure to separate ions in water. As water does not physically pass 
through the membrane in the process, particulate matter is not removed.  
The process product water quality is similar to the RO, which may require post-




Among all the available technologies, adsorption is considered to be a more attractive 
method for fluoride removal because it is effective, economical, and simple in operation. The 
adsorbents used for the removal of fluoride include activated alumina, synthetic resins, metal 
hydroxides, natural polymers especially chitosan, mixed rare earth metal oxides, and 
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activated carbon. They have their advantages and disadvantages. Typically, the adsorption 
capacities of these adsorbents are rather low, ranging from 5 to 50 mg/g.  
Bone char is a granular material produced by charring animal bones. To prevent the 
spread of Creutzfeldt–Jakob disease, the skull and spine are never used. The bones are heated 
to high temperatures to the range of 400 to 500 °C in an oxygen-depleted atmosphere to 
control the quality of the product as related to its adsorption capacity for applications such as 
defluoridation of water and removal of heavy metals from aqueous solutions.  
Grey-brownish bone char is the best quality chars for absorption applications. The 
quality of the bone chars is usually controlled by the amount of oxygen present in the 
charring atmosphere.  
The use of bone charcoal or bone char (carbonized animal bone) is reported to be an 
effective means for the reduction of fluoride. Regeneration of this material can be 
accomplished by a two percent sodium hydroxide rinse and a backwashing cycle. Reduction 
of fluoride using bone charcoal is somewhat pH dependent; the pH of water should be below 
6.5 pH to avoid competitive adsorption. 
 
2.3   Copper and lead 
2.3.1   Copper and Lead species 
Copper is a very common substance that occurs naturally in the environment and 
spreads through the environment through natural phenomena. Copper is a soft heavy metal, 




 (cuprous) and Cu
2+
 (cupric).  
Cuprous copper is very unstable in aerated water over the pH range or most natural 
waters, and will be easily oxidized to Cu(II); while cupric copper is stable and highly soluble 
in the form of cupric nitrate, chloride and sulphate salts in water.  
The species of copper ion in solution is dependent on water chemistry. Generally, the 
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ionic copper is predominant in low pH, acidic waters, and less soluble in high pH alkaline 




 and CuCl2 in 
high pH.  
Lead is a naturally occurring bluish-gray metal found in small amounts in the earth's 
crust. Lead appears as the number 2 on the ATSDR's "Top 20 List". It is associated with most 
cases of pediatric heavy metal poisoning. Lead is found in at least 1,272 of the 1,684 National 
Priority List sites identified by the Environmental Protection Agency (EPA).  
Lead compound are generally soluble in acidic water. Like copper, the lead species in 
water is highly dependent upon solution pH. At low pH, dissolved lead in ionic form of Pb
2+
 
is the dominant species.  As pH increases to 5.5, the total dissolved lead is reduced due to the 
formation of complexions or precipitations such as Pb(OH)
+
 and PbCO3. 
 
2.3.2   Occurrence and sources of copper and lead in natural water 
Copper is one of the commonly used heavy metals for various applications. The 
industries produce an amount of 12 million tons of copper throughout the world. Copper 
pollutants are mainly from industries including manufacturing, currency, transportation of 
electricity, construction (roofing, decoration) and agriculture (fungicide, herbicide). Levels 
over 0.05 mg/L are not naturally encountered in groundwater. The presence of excess copper 
in source water can be from industrial discharges or from copper salts used for algae control 
in reservoirs. Copper can enter the environment from the mining of copper and other metals 
and from factories that make or use metallic copper or copper compounds.  
Every  year,  industries  produce  about  2.5  million  tons  of  lead throughout  the  
world.  The most lead pollutants come from metal furnishing industries, electroplating 
industries, mining and metallurgic industries, burning of leaded gasoline, and trash 
incineration. Lead being one of very important pollutants comes from wastewaters from 
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refinery, wastewaters from production of basic compounds containing lead, wastewaters with 
the remains of after production solvents and paints. The sources of lead are many as listed in 
Table 2.5.  
Table 2.5. Reported lead levels in industrial wastewaters 
Industry Lead (mg/l) 
Battery manufacture 
 
5-48 (Particulate lead) 
0.5-25 (Soluble lead) 
Battery manufacture 0.4-66.5 (Particulate lead) 
2.6-5.1 (Soluble lead) 
Plating 2-140 
Plating pickle liquor 10 
Television tube manufacture 380-400 
Printed circuit board manufacture 1.65 
Glass manufacture 0.43-100 
Chlor-alkali plant 1,160 
Mining process water 0.02-0.098 
Ammunition plant 6.5 
Paint manufacture 1.1-10.0 
Pigment manufacture 1-200 
Textile dyeing 8.4 
Steel manufacture, vacuum degassing process 0.47-1.39 
Rubber hose manufacture, lead sheath process 63 
Foundry 7.7-170 




2.3.3       Health effects and regulatory issues 
The heavy metals with dosages higher than critical values can cause a series of health 
problems. Long-term exposure of toxic heavy metals may cause slowly progressing physical, 
muscular, Parkinson's disease, muscular dystrophy, multiple sclerosis and neurological 
degenerative processes (e.g., Alzheimer's disease).  
Copper is essential for healthy growth. However, high dose of copper salts to human 
and animals can be extremely harmful. It can enter human body through dust, food and water. 
Free copper ion (Cu2+) is one of the most toxic forms of copper in aquatic life. The 
complexed copper ions may be less toxic. 
Consumption of copper-contaminated water or foods can cause acute gastrointestinal 
symptoms (Chen, 2012). An acute intake of high amounts of copper more than 0.8 mg in a 
low volume of water can cause nausea and acute gastric irritation. Many cases of acute 
copper poisoning reported are often associated with suicide attempts. Ingestion of large 
amount of copper with a dose exceeding 20 grams may result in dizziness, lethargy and 
headache at an early stage. The subsequent symptoms are epigastric pain, vomiting, diarrhea, 
gastrointestinal bleeding, tachycardia, respiratory difficulties, hemolytic anemia, haematuria, 
hepatocellular necrosis in the liver, acute tubular necrosis in the kidney and death. It is 
important to note that the estimated lethal dose of copper is about 10-20 g for an adult (Chen, 
2012). 
Chronic copper toxicosis is of greater concern than the acute syndrome for human 
public health. Liver is always the first organic system suffering from chronic copper toxicity, 
because it is the first organ for copper deposition after it enters the circulation. Copper leads 
to the development of liver cirrhosis with episodes of hemolysis. Its presence would cause the 
damage to some extrahepatic tissues including renal tubules and the brain.  
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The patients with Wilson's disease may retain increased amounts of copper in the liver 
during childhood (Scheinberg and Sternlieb, 1996). The symptoms usually appear between 
the ages of 6 and 40 years. If untreated, the disease would become progressive and uniformly 
fatal by the fifth or sixth decade, typically as a consequence of liver failure. 
 
Table 2.6 WHO Guideline for drinking water and Drinking Water Standards by US. EPA 
Heavy metal 
Guideline value, mg/L 
(WHO) 
Maximum Contaminant Level, mg/L 
(EPA) 
Arsenic 0.01 0.01 
Cadmium 0.003 0.005 











a Copper action level 1.3 mg/L; lead action level 0.015 mg/L. b Secondary Drinking Water 
Regulations  
 
Lead has strong affinity for thiol (-SH group) and phosphate-containing ligands, which 
inhibit the bio-synthesis and thereby affects membrane permeability of kidney, liver, and 
brain cells. This would lead to reduction of bio-functions and breakdown of the tissues (Chen, 
2012).  
A series of studies has shown that it can seriously damage the important systems in 
human body such as peripheral and central nervous system, hemopoietic system, reproductive 
system, and renal system, particularly in children (Papanikolaou et al., 2005).  
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Lead in blood can affect pregnant women. During pregnancy, lead even at lower level 
is a serious threat due to the toxic effects on the fetus, including miscarriages, reduced 
gestational age and low birth weights of infants (Nordstrom et al., 1979). Lead poisoning can 
cause interference with heme production and subsequent reduction of the heme body pool 
(Piomelli, 2002). 
The uses of lead are limited and do not appear to be increasing in recent times. Indirect 
and direct exposure to lead through lead-based water pipes, paints and petrol can lead to 
mental retardation and related dysfunctional diseases. Lead has been found in most of the 
National Priorities List sites identified by the EPA of USA. The guideline for drinking water 
from WHO and the drinking water standard from EPA of USA is shown in Table 2.6 and the 
MCL for heavy metals from EPA is shown in Table 2.7. Comparison of drinking water 
quality criteria for heavy metals regulated in 1960s and 1970s are shown in Table 2.8. 
 










MCLs in water 
supporting aquatic 
life (ppm) 
Cadmium 0.1-0.2 85 0.005 0.008 
Lead Not available 420 0.01 0.0058 
Zinc 1 (chlorine fume) 
5 (oxide fume) 
7500 5 0.0766 
Mercury Not available <1 0.02 0.05 
Silver 0.01 Not available 0 0.1 
Arsenic Not available Not available 0.01 Not available 
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Better understanding of the heavy metal toxicity, frequently occurring environmental 
accidents from anthropogenic sources as well as natural geochemical processes, and public 
awareness of environmental pollution are the driving forces for formation and enforcement of 
more strict legislations on the discharge of the toxic heavy metal contaminants. 
Consequently, development of efficient and cost-economic management systems and 
treatment technologies becomes paramountly important (Chen, 2012). 
 
Table 2.8 Drinking water quality criteria for heavy metals regulated in 1960s/1970s. 
Metal US. PHS Japan USSR WHO US. NAS US. EPA FRG 
Year 1962 1968 1970 1971 1972 1975 1975 
As 10 ppb 50 ppb 50 ppb 50 ppb 100 ppb 50 ppb 40 ppb 
Cd 10 ppb - 10 ppb 10 ppb 10 ppb 10 ppb 6 ppb 
Cr 50 ppb 50 ppb 100 ppb - 50 ppb 50 ppb 50 ppb 
Cu 1 ppm 10 ppm 100 ppb 50 ppb 10 ppm - - 
Pb 50 ppb 100 ppb 100 ppb 100 ppb 50 ppb 50 ppb 40 ppb 
Hg - 1 ppb 5 ppb 1 ppb 2 ppb 2 ppb 4 ppb 
Se 10 ppb - 1 ppb 10 ppb 10 ppb 10 ppb 8 ppb 
Ag 50 ppb - - - - 50 ppb - 
Zn 5 ppm 0.1 ppm 1 ppm 5 ppm 5 ppm - 2 ppm 
    Note: 
    WHO:  World Health Organization 
    US. PHS:  US Public Health Service 
    USSR:  Union of Soviet Socialist Republics (Soviet Union) 
    US. NAS:  USA National Academy of Science 





2.3.4  Existing treatment technologies  
Chemical precipitation-coagulation, membrane technique (ultra-filtration, reverse 
osmosis and electro dialysis), oxidation-reduction, biological sorption, ion exchange and 
adsorption could be used. The efficiencies and the costs vary among different technologies. 
 
Chemical Precipitation 
Copper can be removed by precipitation at pH ranging from 9 to 11, resulting in the 
metal solubility of less than 0.05 ppm. Copper can be precipitated in the presence of sulfide at 
pH 8 to 9 and the resulting effluent concentration is below 0.02 ppm. However, the presence 
of complexing reagents such as cyanide, EDTA and ammonia may greatly interfere with 
copper precipitation. The reagent can be removed by chemical methods (e.g., oxidation). 
Alternatively, adsorption by activated carbon can be used to remove the copper complexes.  
Lead can be removed by sodium hydroxide or lime. Under pH above 11, the lead ions 
can be greatly removed, leading to the residual concentration below 0.2 ppm. Sulfide and 
carbonate can also be used for the removal of lead. Typically the pH is controlled at 7.5 to 8.5, 
which results in the residual concentrations comparable to that by hydroxide.  
As precipitation of metals in the precipitation and coagulation process is achieved by 
the addition of coagulants such as alum, lime, iron salts and other organic polymers, they 
produce large amount of sludge, which contains a lot of toxic compounds. This is the main 
disadvantage of the precipitation and coagulation process.  
 
Oxidation- Reduction processes: 
Electrochemical reduction of dissolved copper ions to the zero-valent metal onto the 











=0.34V). The main chemical reaction involved in the removal of copper by iron is 
represented by the following redox reaction:  
Fe+Cu
2+→Fe2++Cu 
Copper is deposited at cationic sites on the surface while dissolution of iron takes 
place at anionic sites. Lead cannot be treated by the same way. 
 
Biosorption  
The search for new technologies involving the removal of toxic metals from 
wastewaters has directed attention to biosorption, based on metal binding capacities of 
various biological materials. Algae, bacteria and fungi and yeasts have proved to be potential 
metal biosorbents.  
Strong biosorbent behaviour of certain micro-organisms towards metallic ions is a 
function of the chemical make-up of the microbial cells. This type of biosorbent consists of 
dead and metabolically inactive cells. Recent biosorption experiments have focused attention 
on waste materials, which are by-products or the waste materials from large-scale industrial 
operations; e.g. the waste mycelia available from fermentation processes, olive mill solid 
residues (Pagnanelli, et al 2002), activated sludge from sewage treatment plants (Hammaini 
et aI. 2003), biosolids (Norton et al 2003), and aquatic macrophytes (Keskinkan et aI. 2003).  
Another inexpensive source of biomass is in oceans as seaweeds, representing many 
different types of marine macro-algae. However most of the contributions studying the 
uptake of toxic metals by live marine and to a lesser extent freshwater algae focused on the 
toxicological aspects, metal accumulation, and pollution indicators by live, metabolically 
active biomass. Focus on the technological aspects of metal removal by algal biomass has 
been rare.  
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Chitin and its deacetylated form, chitosan, are two biopolymers that come from 
crustacean shells and have the ability to fix a great variety of heavy metals (Muzzarelli, 1977). 
The strong affinity of metal ions for these sorbents is explained by the relatively high 
proportion of nitrogen sites.  
The major advantages of biosorption over conventional treatment methods include 
low cost, high efficiency, minimisation of chemical and/or biological sludge, no additional 
nutrient requirement, regeneration of biosorbent, and possibility of metal recovery.  
 
Adsorption  
Adsorption could be an effective technology of removing heavy metals. AC can be 
used for the treatment. Recently, metal composites become more important in R&D due to 
their extremely efficiencies for the decontamination of ionic toxic heavy metals.  
Fe-Mn binary oxide was used to remove heavy metal ions from aqueous solution. The 
adsorption of lead increased as pH was increased; it became less sensitive to pH at pH > 5, 
indicating its wider application range in the treatment of heavy metal waste streams. The 
adsorption isotherm of lead showed the maximum adsorption capacity (qmax) and Langmuir 
constant (b) as 54.6 mg/g and 0.053 L/mg, respectively. This demonstrates that the adsorption 




Chelating ions with the functional phosphonic and aminophosphonic groups were 
applied for lead or copper removal. Weakly basic anion exchangers in the free base form was 
used for selective removal of lead(II) chloride complexes from the solutions of pH in the 
range 4-6 (Hubicki and Kolodynska, 2004).  
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Natural zeolites have been intensively studied recently because of their applicability 
in removing trace quantities of heavy metal ions from aqueous solutions by utilizing the ion 
exchange phenomenon (Shanableh and Kharabsheh, 1996; Misaelides et al., 1994).  Natural 
zeolites are low cost aluminosilicates, with a cage-like structure suitable for ion exchange due 




 in the structure, giving rise to a deficiency of 
positive charge in the framework. This is balanced by mono and divalent exchangeable 








. These cations are coordinated with the defined 
number of water molecules, and located on specific sites in framework channels (Peric et al., 
2004). The ion exchange process involves high cost and it is only capable for the partial 


















MATERIALS AND METHODOLOGIES 
 
3.1   Materials 
 
All chemicals are analytical grade and were used without further purification. 
Zirconium (IV) oxychloride (ZrOCl2.8H2O) was purchased from Sinopharm Chemical 
Reagent Co, Ltd (SCRC), China. KMnO4, MnSO4·H2O, As2O3, glutaraldehyde, acetic acid, 
sodium hydroxide, sodium nitrate, sodium fluoride, trisodium phosphate, odium silicate, 
humic acid, chitosan (low molecular weight), 1-Methyl-2-pyrrolidone (NMP), 
polyvinylpyrrolidone (PVP, 10,000 Da) and sodium arsenate dibasic heptahydrate 
(Na2HAsO4·7H2O) were purchased from Sigma-Aldrich. Phosphoric acid and acetone were 
purchased from Aik Moh Paints & Chemicals Pte Ltd. Sodium sulphate were purchased from 
Merck. Polysulfone (PSF) with the molecular weight of 26,000 Da was purchased from 
Tianjin Chemical Co., Ltd. (China). Deionized (DI) water was used in all experimental 
procedure except those specified (e.g. in Chapter 5).   
   In Chapters 5 and 7, the natural reservoir water collected from Jurong Lake 
(Singapore) was used as raw water. Since the reservoir water is mainly consisted of rain 
water, the water quality changes frequently. The turbidity of the raw water may reach about 
100 NTU if collected after the rain, while the turbidity is generally about 10 NTU in the dry 
reason. The arsenic was added to the lake water to prepare the different concentration of 
arsenic contaminated feed water.  
Several toxicity studies for the newly developed materials (e.g. nano-particle and 
membrane) were conducted. Cells lines used in the study were breast cancer stem cell 
(MCF7), which were purchased from commercial sources (American Type Culture 
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Collection, USA). Cells were maintained in Dulbecco’s Modified Eagles Medium (DMEM, 
Sigma-Aldrich, St. Louis, MO) supplemented with 10% fetal bovine serum (FBS, GIBCO, 
Invitrogen, Grand Island, NY) and 1% penicillin streptomycin (Gibco, Invitrogen, Grand 
Island, NY).  
 
3.2 Synthesis of functionalized materials 
 
3.2.1  Zr–Mn binary hydrous oxide 
 
The Zr-Mn binary hydrous oxide with a molar ratio of 1:1 was prepared by a one-step 
simultaneous oxidation and coprecipitation method. The procedure is as follows: 0.02 mol 
potassium permanganate (KMnO4,) and 0.14 mol Sodium hydroxide (NaOH) were dissolved 
in a 200 ml deionized water; 0.03 mol manganese(II) sulfate monohydrate (MnSO4•H2O) and 
0.05 mol zirconium oxychloride octahydrate (ZrOCl2•8H2O) were dissolved into another 400 
ml deionized water. Under vigorous magnetic-stirring, the alkalis KMnO4 solution was 
slowly added into the mixture of MnSO4 and ZrOCl2 solution.  
After addition, the formed suspension was continuously stirred for 1-2 h, aged at 
room temperature for 4-12 h and then washed repeatedly with deionized water. The 
suspension was filtrated and dried at 50˚C for 24 h. The dry material was crushed and stored 
in a desiccator for use. Pure hydrous ZrO2 and MnO2 were also synthesized by the similar 
approach. 
 
3.2.2  Zr-Mn NPs embedded hollow fibre membrane 
 
The PSF was used as membrane matrix. The PVP and NMP were used as additive and 
solvent, respectively. Desired amount of the Zr-Mn binary oxide particles were added into the 
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casting solution. The composition of casting solution is shown in Table 3.1. To obtain a 
homogenously dispersed solution, the alternate ultrasonic and shaker were used below 50 ºC.  
Table 3.1 Composition of casting solutions 
Membrane 
Dope solution composition (wt%) Zr-Mn particles: PSF 
Ratio (w/w) PSF PVP NMP 
M0  13  3  84 0  
 M1.0    13   3  85 1.0  
 
The hollow fiber membranes were spun via the phase inversion technique by a spinning 
facility, which is composed of dope and bore liquid supply pumps, a coagulation bath and a 
take-up drum. The detailed spinning conditions are given in Table 3.2. 
Table 3.2  Spinning conditions of the hollow fiber membranes. 
     Dope solution composition                                    As shown in Table 3.1 
     Bore solution composition                                             water  
     Dope solution temperature (◦C)                                       25 
     Bore solution temperature (◦C)                                        25 
     Dope flow rate (ml/min)                                                  10 
     Bore flow rate (ml/min)                                                   12 
     Spinneret ID/OD (mm)                                                  0.8/1.6 
     Air gap (cm)                                                                      2 
     Coagulation bath composition                                     Tap water 
     Rinse bath composition                                               Tap water 
     Coagulation bath temperature (◦C)                                  25 
     Rinse bath temperature (◦C)                                             25 
     Take-up drum velocity (m/min)                                       10 
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3.2.3  Zirconium-functionalized chitosan beads 
Firstly the chitosan (low molecular weight) was made into 2 wt% solution by dissolving 
into ultrapure water with addition of 1% (v/v) of acetic acid and kept on constant shaking for 
24 h. Zirconium salt was then added into the chitosan solution according to the weight ratio of 
1:5 (chitosan: ZrOCl2·8H2O) and stirred for 12 h for complete homogenization. A mixture of 
aqueous solution of NaOH of 80 g/L and Na2SO4 of 123 g/L was prepared. The designed Zr-
chitosan solution was injected drop wise using a syringe with needle size of 27 G × 1/2" into 
the prepared basic solution where the targeted coordinated bead was formed. The bead was 
left in the same solution for about one hour and subsequently cleaned for several times in 
order to remove the residual amount of NaOH or un-reacted additives from the bead.  
In the next stage, the target was to incorporate some chemical crosslink for making the 
above bead more stable at various pH working range. Thus, the cleaned bead was chemically 
crosslinked by using a binary crosslinker (glutaraldehyde) at acidic condition. The bead of 16 
mg was placed in a mixed solution of 3 mL acetone, 7 µL H3PO4 and 7µL glutaraldehyde and 
was constantly shaken for 10 min. The volume of prepared solution and the weight of the 
beads were increased proportionately while the contact time was maintained at same 10 min. 
The pH resistant zirconium-functionalized chitosan bead (ZCB) was finally formed and then 
cleaned thoroughly with DI water and stored at room temperature for the experiments. 
 
3.3  Experiments 
3.3.1  Adsorption of Arsenic by Zr-Mn NP in batch reactor 
In the sorption isotherms experiments of arsenic on Zr-Mn binary hydrous oxide, 10 
mg of the adsorbent sample was loaded in the 100-mL glass vessel and 50 ml of solution 
containing differing amounts of arsenic were then added to the vessel. Initial arsenic 
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concentration varied from 5 mg/L to 40 mg/L. The experiments were performed at pH 5.0, 
and pH 7.0, respectively. The pH of suspensions was adjusted with 0.1 M of NaOH and 
HNO3 during the experiment. In each test, NaNO3 was added to represent ionic strength that 
exists in water and wastewater, due to the presence of inert ionic substances (e.g. sodium 
ions). The vessels were shaken on an orbit shaker at 200 rpm for 24 h at 24 ± 1˚C. All 
samples were then filtered by 0.45 µm membrane filters and analyzed for arsenic and sulfate.  
To determine the relationship between arsenate sorption and sulfate release, another 
isotherm experiment was carried out at pH 4.8. The solution pH was maintained using a 
buffer of 5 mM sodium acetate.   
In the pH effect experiment, 10-mg adsorbent sample was loaded in the 100-mL glass 
vessel containing 50 ml of arsenic solution. The pH values of individual samples were 
adjusted every four hours with dilute HNO3 and/or NaOH solution to designated values in the 
range of 3–12 during the shaking process. The equilibrium pH was measured and the 
supernatant was filtered through a 0.45μm membrane after the solutions were mixed for 24 h.  
In the adsorption kinetics experiments, a defined amount of As(V) or As(III) stock 
solution was added in a 1000-ml glass vessel containing 1000 ml 0.01 M NaNO3 solution, to 
make 10 mg/L of initial arsenic concentration. The solution pH was adjusted to 7.0 ± 0.1 by 
adding 0.1 M HCl and/or NaOH and then Zr-Mn binary hydrous oxide was added to obtain a 
0.2 g/L suspension. The suspension was mixed with a shaker, and the pH was maintained at 
7.0 ± 0.1 throughout the experiment by addition of the acid and base solutions. 
Approximately 5 ml aliquots were taken from the suspension at certain time intervals. The 
samples were filtered through a 0.45 μm membrane filter. Arsenic speciation and 
concentration in the samples were determined by a hydride generation-atomic fluorescence 
spectrometer with liquid chromatography equipment. 
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The influence of common coexisting anions in water such as sulfate, bicarbonate, and 
phosphate on the removal was investigated by adding sodium sulfate, sodium bicarbonate and 
sodium phosphate to 10 mg/L of arsenic solution, respectively. The anion concentrations 
ranged from 5 to 100 mg/L. The solution pH was adjusted to 7.0 ± 0.1. A defined amount (10 
mg) of Zr–Mn binary hydrous oxide was added and the solutions were agitated at 200 rpm for 
24 h at 24 ± 1˚C. After filtration by a 0.45 µm membrane filter, the residual concentration of 
arsenic was analysed using the ICP–OES.  
 
3.3.2  Adsorption of arsenic by Zr-Mn NP in pilot-scale system 
A 10 m
3
/h pilot-scale water treatment system was developed and used for treatment of 
arsenic containing natural water. As shown in Figure 3.1, a pilot scale water treatment system 
including adsorption, coagulation, sedimentation, membrane filtration and PLC controller, 
was used to investigate the treatment of arsenic contaminated water by nano-size adsorbent.  
In the adsorption process, the adsorption time was kept at about 10 min, which was 
determined in pervious experiment. Aluminum sulfate (Al2(SO4)3) was selected as the 
coagulant to remove the nature maters in the raw water and the nano-size adsorbent added. 
For the coagulation process, the fast mixing and slow mixing time was 5 min and 30 min, 
respectively.  
The optimal dosage was determined as 20 mg/L for the lake water treatment in the lab 
study, and the turbidity can be lowered to an acceptable level under this dosage. After 
coagulation, the effluent was settled for 30 min in the sedimentation tank and then filtered by 
ultrafiltration membrane. The membrane module was purchased from Hyflux Company in 






Figure 3.1 Schematic diagram of the pilot scale water treatment system 
 
3.3.3  Adsorption of arsenic by ZCB in batch reactor 
  
The arsenate stock solution was prepared by dissolving Na2HAsO4 in ultrapure water 
with desired concentration to conduct the targeted experiments. In pH effect experiments, 50 
ml of the arsenate solutions (50 mg As/L) and DMA solution (20 mg As/L) with different pH 
were prepared. HNO3 and NaOH were used to adjust the solution pH ranging from 2-10. The 
designed adsorbent ZCB (16 mg) was added into the both arsenic solution and then the 
mixtures were shaken at room temperature for 48 h. At the end of the experiment, the 
samples were analyzed for residual arsenic concentrations by the ICP-OES.  
In the adsorption kinetics experiment, 0.3 g/L ZCB was added into the arsenate 
solution with initial concentration of 20 mg As/L at initial pH of 3. Similarly, 0.8 g/L of 
sorbent was added in to the DMA solution at same initial concentration of 20 mg As/L at 
initial pH of 2.5. The mixed solution was gently stirred at around 200 rpm at room 
temperature. The samples were collected at different time intervals and analysed for arsenic 
concentration by the ICP-OES. The time for the adsorption equilibrium was determined by 




In adsorption isotherm experiment, 50 mL arsenate solutions with different initial 
concentrations ranging from 10 to 100 mg As(V)/L were prepared. The solution pH of 3 was 
adjusted, which was based on the result from the pH effect experiment. Similarly, for DMA 
adsorption, the concentration ranged from 5 to 60 ppm at the solution pH of 2.5. The 
designed sorbent of 16 mg was added into each arsenic solution and the mixtures were 
shaken at room temperature for 48 h. Other procedures after shaking were the same as those 
in the pH effect experiments.  
In the humic acid and coexisting anions effect experiments, the arsenate solutions (50 









) were prepared. The designed sorbent (16 mg) was added into the 
arsenate solution; the mixtures were shaken at room temperature for 48 h. Other procedures 
after shaking were the same as those in the pH effect experiments. 
 
3.3.4  Adsorption of arsenic and heavy metals by HFM in batch reactor 
 
A stock copper/lead solution with concentration of 1000-Cu (or Pb) mg/L was 
prepared by dissolving its nitrate salt in the DI water. The stock solution was diluted with the 
DI water to prepare copper/lead solution with the expected concentrations for the subsequent 
batch adsorption experiments.  Similarly, arsenate solutions were prepared from concentrated 
arsenic solution. 
In the pH effect experiments, 50 mL copper/lead solutions with different pH values 
were prepared in glass bottles. 10-mg HFM was added into the copper/lead solutions. Arsenic 
solutions pH effect experiment was conducted with 25-mg HFM. The mixtures were placed 
on a rotary shaker at the room temperature for 48 h. The arsenic and copper/lead 
concentrations were determined by an inductively coupled plasma emission spectrometer 
(ICP-OES, Perkin Elmer Optima 3000 DV).   
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In the adsorption kinetics experiments, 0.2 g HFM was added into 1 L copper/lead 
solution with initial pH of 5.0 ± 0.1.  The mixed solution was stirred with constant pH of 5.0 
for 48 h. For the arsenic kinetics experiment, 0.5 g HFM was added into 1 L arsenic solution 
with initial pH of 3.5 ± 0.1. The samples were collected at different time intervals, and the 
concentrations were determined.  
In the adsorption isotherm experiments, the arsenic and copper/lead solutions with 
different concentrations were prepared. The same procedure was followed as the experiment 
for pH effect with the exception of a constant pH value of 5.0 ± 0.1 for copper/lead and 3.5 ± 
0.1 for arsenic. 
 
3.3.5  Removal of contaminants by filtration mode 
 
The hollow fibers M1.0 was assembled into a module (glass tube) with ID/OD = 
10/12 mm. The total weight was 0.2502 g, 0. 2829 g and 0.2484 g for arsenic, copper and 
lead removal, respectively.         
Filtration experiments were conducted under cross flow model by the filtration testing 
system (MES-S-5000, Hyflux, Singapore) at a cross-membrane pressure of 0.4 bar and a 
water flux of 130  L/h m
2
 bar at room temperature. The contaminated influent entered into the 
lumen side of the hollow fiber at one end of the module and the rejection came out from the 
other end of the module. The permeate was collected on the shell side. The initial 
contaminant concentration in the feed solution was 0.1 mM. The optimal pH of 5.0 and 3.5 
for copper/lead and arsenic respectively was selected according to the pH effect study. The 






3.4  Characterization of materials 
 
The composition of the prepared Zr-Mn binary hydrous oxide was determined by 
classical chemical analysis. A definite amount of the oxide was treated with 10% oxalic acid 









 in the solution was determined using an 
ICP–AES (Optima 7300 DV, Perkin Elmer).  
The specific surface area of the adsorptive materials was measured by nitrogen 
adsorption using the BET method with a surface area analyzer (Nova 2000e, Quantachrome 
Instruments, USA). The particle shapes were observed using a field scanning electron 
microscope (FESEM) (Hitachi S-4800, Japan) and a high resolution transmission electron 
microscope (JEOL JEM 3010, Japan).  
X-ray diffraction (XRD) analysis was carried out on a Rigaku D/Max-3A 
diffractometer using Ni-filtered copper Kα 1 radiation. The morphology of the sample was 
studied by using a field emission scanning electron microscopy (FESEM, JEOL JSM-6701F).  
 The surface charge density and the point of zero charge of the materials were 
determined through a potentiometric titration method. For this experiment following equation 
was employed: 
𝜎0 =  










] (M) were the concentrations of hydrogen and hydroxide ion 
respectively, F was the Faraday constant (96,490 C/mol), m (g/L) was the concentration of 
the sorbent in the arsenic solution. 
The point of zero charge (PZC) was estimated as follows. The adsorptive material was 
suspended in 0.01 M NaNO3 for 24 hours, after which the rate of pH change with time was 
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very slow. 50 ml of suspension was then adjusted to various pH values with NaOH or HNO3 
solution. After agitation for 60 min for equilibrium, the initial pH was measured; then 1.5 g 
of NaNO3 was added to each suspension to bring final electrolyte concentration to about 0.45 
M. After an additional 3 hours, the final pH was measured. The results, plotted as ∆pH (final 
pH- initial pH) against final pH, yielded the pzc as the pH, at which ∆pH equals to 0. The 
PZC of ZCB was also measured by the same method. 
The thermal gravimetric study with desired amount of adsorptive materials in an 
alumina pan was carried out by a Thermogravimetric–Differential Thermal Analyzer (TG–
DTA) (TA Instruments, 2960 SDT V3.0F) under a nitrogen atmosphere. The temperature was 
ramped from 20 to 800˚C with a heating rate of 5 ˚C /min.  The weight change can be 
recorded, by which the detailed composition of materials can be obtained. 
 
3.5  XPS and FTIR studies 
XPS and FTIR studies can provide much clear picture in explanation of adsorption 
mechanisms of the materials that were developed in this study. Thus, these analytical tools 
were used in the study.  
The Fourier transform infrared (FTIR) spectra of adsorptive materials before and after 
treatment with arsenic or fluoride solution were collected on a FTS-135 spectrometer (Bio-
Rad, USA) by transmission model. Samples were ground with spectral grade KBr in an agate 
mortar. A fixed amount of sample (1%w:w) in KBr was used to prepare the pellet. All IR 
measurements were carried out at room temperature. 
The surface analyses of the adsorptive materials before and after arsenic or fluoride 
treatment were conducted using X-ray photoelectron spectroscopy (Kratos XPS System-
AXIS His-165 Ultra, Shimadzu, Japan). The XPS spectra were obtained with 
monochromatized Al KR X-ray source (1486.71 eV) working at 150 W, 15 kV, and 10 mA 
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and base pressure of 3 ×10
-8 
Torr in the analytical chamber. For wide scan spectra, an energy 
range of 0-1100 eV was used with pass energy of 80 eV and step size of 1 eV. The high-
resolution scans were conducted according to the peak being examined with pass energy of 
40 eV and step size of 0.05 eV. The carbon 1s electron binding energy corresponding to 
graphitic carbon at 284.6 eV was used as reference for calibration purposes. XPS data process 
and peak fitting was performed using a nonlinear least-squares fitting program (XPSpeak 
software 4.1). 
 
3.6   Modeling tools 
 
3.6.1  Adsorption isotherms 
 
The adsorption isotherm models are extensively used to evaluate the maximum 
biosorption capacity, the concentration of treated effluent, and a few other engineering 
parameters. The distribution of metal ions in the bulk solution and on the adsorbent can be 
described by one or more isotherms, such as Langmuir model, Freundlich model, Tempkin 
model and Dubinin-Radushkevich (D-R) model. Among them, Langmuir model and 
Freundlich model are the most commonly used for the description of isothermal adsorption.    
Langmuir model assumes that the adsorption takes place onto a homogeneous surface 
of the sorbent and a monolayer sorption occurs on the surface. It has been successfully 
applied to describe many adsorption processes to evaluate the maximum adsorption capacity 
of a sorbate on a sorbent. The model can be expressed by the following equation: 
                                                       𝑞𝑒 =
𝑞𝑚𝑎𝑥𝑏𝐶𝑒
1 + 𝑏𝐶𝑒
                                                                 (3-2) 
where 𝑞𝑒  and 𝐶𝑒  are the amounts of metals adsorbed on the adsorbent (mg/g) and the 
equilibrium concentration in solution (mg/L), respectively. 𝑞𝑚𝑎𝑥 is the theoretical maximum 
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adsorption capacity of sorbent (mg/g), and b is the equilibrium adsorption constant related to 
the affinity of binding sits (L/mg).  
The Freundilich isotherm is widely used to describe adsorption onto heterogeneous 
surface and a multilayer sorption occurs on the surface. The Freundilich model is described 
by: 
                                                        𝑞𝑒 = 𝑘𝑓𝐶𝑒
1/𝑛
                                                                (3-3) 
where 𝑘𝑓  is a constant for relative adsorption capacity, and n is the heterogeneity factor 
which has a lower value for more heterogeneous surfaces. 
The above parameters can be obtained by either linear regression approach or non-
linear regression approach. It can be done by hand calculation or by program such as MS 
Excel.  
 
3.6.2 Adsorption kinetics 
Empirical models 
A few kinetic models have been employed to describe the adsorption kinetics (Chen, 
2012). Among these models, pseudo-first order model and pseudo-second order models are 
mostly used to describe the adsorption kinetics.  The mathematical equations of the pseudo-
first- and second order rate models are expressed as follows: 
 
                                                 𝑞𝑡 = 𝑞𝑒(1 − 𝑒
−𝐾1𝑡)                                                            (3-4) 








) and 𝐾2 ((g/mg)/h) is the first and second order rate constant, respectively, 𝑞𝑒 
(mg/g) and  𝑞𝑡  (mg/g) the amounts of the adsorbate adsorbed at equilibrium and at any time, 
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respectively. The value of 𝑞𝑒  and 𝐾1  can be obtained from the nonlinear curve fitting of 
experimental data 𝑞𝑡  versus 𝑡 . 
The kinetics model fitting curves and comparison of experimental and calculated 𝑞𝑒 
values can be used to determine the suitable kinetics model. In addition, the obtained 
correlation coefficient of 𝑟2 values can help to decide the suitable model. The high 𝑟2value 
would indicate the suitable kinetics model to describe the adsorption kinetics.  
 
Theoretical model 
The above models are empirical and cannot be used to predict adsorption under other 
operational conditions. Thus, theoretical model(s) become(s) important.  
Being the best theoretical model, the intraparticle diffusion model is employed to 
describe the adsorption process. This model includes two different diffusion mechanisms: 
pore diffusion and surface diffusion.  
Surface diffusion model is used for the adsorbent with an assumption that the solid is 
homogenous phase while pore diffusion model is used for many porous adsorbents. 
Typically, the surface diffusion model is used when the specific surface area is less than 100 
m
3
/g. When the specific surface area is above 100 m
3
/g, it is more appropriate to use the pore 
diffusion model.  
The mathematical equations and the initial and boundary conditions for surface 







) =  𝑟2
𝜕𝑞
𝜕𝑡
, 0≤ 𝑟 ≤ 𝑎𝑝, 𝑡 ≥ 0                                                                             (3-6a) 
𝑞 = 0, 0 ≤ 𝑟 ≤  𝑎𝑝, 𝑡 < 0                                                                                                (3-6b) 
𝜕𝑞
𝜕𝑡




=  𝐾𝑓(𝐶 − 𝐶
∗)                                                                                                    (3-6d) 
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where 𝐶 and 𝑞 are the concentration of fluoride in bulk and in solid phase, respectively; 𝐶∗ is 
the aqueous phase concentration at the particle surface, in equilibrium with the corresponding 
concentration in the solid phase 𝑞∗; 𝐷𝑠  is surface diffusivity within the particle; 𝜌𝑝 is the 
particle density; 𝑟 is radius distance measured from the center of particle; 𝑎𝑝 is the particle 
radius; 𝐾𝑓 is the external mass transfer coefficient, and 𝑡 is the time.   
The mathematical equations and the initial and boundary conditions for pore diffusion 














, 0 ≤ 𝑟 ≤ 𝑅, 𝑡 > 0                                                           (3-7a) 
𝑐 = 0      at 𝑡 = 0                                                                                                                (3-7b) 
𝜕𝑐
𝜕𝑟




= 𝑘𝑓(𝐶 − 𝐶
∗)       at 𝑟 = 𝑅                                                                                      (3-7d) 
where C and q are the concentration of the phosphate in bulk and in solid phases, 
respectively; C
*
 is the aqueous phase concentration at the particle surface, in equilibrium with 
the corresponding concentration in the solid phase q; m is the mass of the sorbent; Dp is the 
pore diffusion coefficient within the sorbent; 𝜌𝑝 is the particle density; r is radius distance 
measured from the center of particle; R is the particle radius; 𝑘𝑓 is the external mass transfer 
coefficient, and t is the time.  
The parameter values of the above models are normally affected by many factors 
including the properties of the sorbent and solution, the physical parameters (e.g. stirring 
speed and adsorbent size).  







 m/s, respectively (Chen, 2012). Both values can be determined by comparing the 
modeling output with the experimental observation through the so-called trial-and-error 
approach. The external mass-transfer coefficient can also be obtained through a calculation 
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approach; the value is quite close to that by the trial-and-error approach. It should be noted 
that the value of diffusivity must be less than that in the water due to the nature of medium; 
the diffusion of metal ions in water is much higher than that in solids (adsorbents).  
 
3.7  Cytotoxicity studies 
 Breast cancer stem cell lines (MCF7) (commercial source from American Type 
Culture Collection, USA) are used for the cytotoxicity analysis of the adsorptive materials 
(e.g. NP). The detail maintenance procedure and quantification was followed according the 
recent literature reported by Teow and Valiyaveettil (2010). For the testing purpose, a cell 
density of 5000 per well in a 100 µl media was taken on to the 96-well plates (Corning, 
Costar, NY) was seeded on to the each vial and kept overnight in incubator. This allows such 
cells to adhere cells on the bottom of the cell culture well. The sterilization of the adsorptive 
material was carried out by steam autoclave, the sterilized adsorptive material of 200 µg/ml 
and 400 µg/ml was added to be incubated for different time (24 h, 72 h and 120 h) and the 
toxicity analysis was carried out.   
 For the ZCB, the sterilized ZCB of 200 µg/ml or 400 µg/ml was added to the culture 
vial. The toxicity analysis was performed at a different incubation time (1 day, 3 days and 5 
days).  
 For the pilot-scale experiment, spent media was aspirated the next day and replaced 
with fresh media and the cells were treated with different volume of water sample (0, 10 and 
20 µL) for 1 day and 3 day. At respective time points, 20 µL of Cell Titer-blue viability assay 
pre-warmed to room temperature was added into each well and mixed properly. After 2 
hours, fluorescence readings were measured using Bio TEK micro-plate reader. A time-
dependent study was conducted employing different incubation period (24 and 72 h) after 
addition of our samples. 
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3.8 Analytical methods  
Total arsenic, sulphate, heavy metals concentrations were respectively determined 
using an inductively coupled plasma atomic emission spectroscopy machine (ICP-AES, 
Optima 7300 DV, Perkin Elmer Co. USA). The experimental error < 5% was controlled. The 
fluoride concentration was determined by fluoride electrode probe (PHS-3C, Leici, China). 
In the pilot experiment, the raw lake water and effluent from different units were 
analyzed for turbidity and arsenic concentration. To measure the turbidity, a portable 




















CHAPTER 4  
 
DEVELOPMENT AND FUNDAMENTAL STUDY OF 
ZR-MN BINARY HYDROUS OXIDE FOR ARSENIC 
AND HEAVY METALS ADSORPTION 
 
4.1  Properties of Zr-Mn binary hydrous oxide  
 
The Zr-Mn binary hydrous oxide can be prepared according to the approach described 
in Chapter 3. A series of studies was conducted to study the physical and chemical properties 
of the materials. 
The chemical analysis of synthesized Zr-Mn binary oxide shows that Zr/Mn molar ratio 
of the bulk is 0.971±0.02 and the Zr, Mn and sulfate content is about 27.9, 17.4 and 9.6%, 
respectively. No obvious crystalline peak is observed from the XRD pattern of Zr-Mn binary 
oxide, indicating that both Zr oxide and Mn oxide exist mainly in amorphous form. The 





Figs. 4.1a illustrates the FESEM images of the Zr-Mn binary oxide particles, which 
demonstrates they are micro-sized grains (2-35 μm) aggregated with smaller nanosized 
particles, resulting in a rough surface and porous structure. The TEM image given in Figs. 


















      








































Figure 4.1 Characterization of Zr-Mn binary hydrous oxide: (a) FESEM image (b) TEM 
image; (c) point of zero charge and (d) TGA-DTA analysis. 
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The value of point of zero charge of the Zr-Mn binary hydrous oxide was about 4.95 as 
shown in Figure 4.1c. The pzc of zirconium oxide is pH 5.5–7.6 (Hang et al., 2012) and that 
of MnO2 is pH 2–3 (Ntim and Mitra, 2012). Clearly, the presence of MnO2 in the binary 
hydrous oxide lowers the pzc value, due to its lower pzc value.  
Figure 4.1d demonstrates the TGA-DTA curves of Zr-Mn binary hydrous oxide. It 
experienced an obvious weight loss (total 33.45%) which could be divided into three stages. 
The initial weight loss of 23.1% up to 130˚C represented for the loss of physically absorbed 
water. The weight loss (about 9.1%) of second stage from 130˚C to 500˚C could be 
contributed to the loss of surface hydroxyl groups. The third stage is from 500˚C to 685˚C. 
About 1.1% weight loss was observed in this range, which might be ascribed to the loss of 
surface sulfate. Agarwal et al. reported that SO4
2-








The analysis of XPS results (shown in Figure 4.2) reveals that both zirconium and 
manganese in the synthesized sample are mainly in the oxidation state of +IV. This indicates 
that the sorbent could be effectively oxidizing As(III) to As(V) since MnO2 is an effective 
oxidizing agent of arsenite (Xu and Axe, 2005; Oscarson et al., 1981). 
 
4.2  Adsorption Performances of arsenic 
 
4.2.1  pH effect study  
 
    Sorption of arsenic onto Zr-Mn binary oxide as a function of pH from 3 to 11 is 
shown in Figure 4.3. In the pH range of the experiments, As(V) sorption is obviously 
dependent on pH. It becomes favored at low pH and decreases with higher pH.  




 are the main As(V) species 
in the solution and more negatively charged As(V) species dominate at higher pH. Lower pH 
is favorable for the protonation of sorbent surface. Increased protonation is thought to 
increase the positively charged sites, enlarge the attraction force existing between the sorbent 
surface and arsenic anions and therefore increase the amount of adsorption in the lower pH 
region. With the increase in solution pH, the negatively charged sites gradually dominate, the 
































Figure 4.3. Sorption edges of arsenic onto Zr-Mn binary hydrous oxide in 0.01 M 
NaNO3. Initial arsenic concentration: 10 mg/L; sorbent content: 200 mg/L. 
   
Typically sorption of As(III) by metal oxides differs obviously from As(V) and usually 
reaches a maximum at pH values similar to pka1 of the acid. For the Zr-Mn binary hydrous 
oxide system, the As(III) sorption edge is almost the same as that of As(V), indicating that 
initial added As(III) is completely oxidized into As(V) and then sorbed by the Zr-Mn binary 
oxide.  
 
4.2.2  Adsorption kinetics   
Figure 4.4 shows the kinetics of arsenic uptake and change in concentration of arsenic 
species at pH 7 in the aqueous phase with time. For As(V), its sorption could be divided into 
two steps, a quick step and a slow one.  
In the first step, the sorption is fast, and 90% of the equilibrium adsorption capacity is 
achieved within 2.5 hours. In the subsequent step, the sorption is slow and reaches the 
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equilibrium in about 15 h. For As(III), its removal process is similar to that of As(V) and 
much faster. 
























































































Figure 4.4 Kinetics of (a) As(V) and (b) As(III) removal and change in concentration of 
arsenic species in the aqueous phase with time. Initial arsenic concentration: 10 mg/L; 




The binding between the As(III) and the sorbent is particularly fast during the first 
hour, leading to over 82% As(III) removal. A complete depletion of As(III) from solution by 
oxidation and sorption occurs within 10 hours. The As(V) species appears at approximately 
10 min and accumulated gradually in the solution. At about 1.7 h, the As(V) concentration 
reaches a maxima and then decreases gradually. 
The change process of As(V) species in the solution may be explained as follows. 
Firstly, As(III) species is quickly sorbed to the Zr-Mn binary hydrous oxide and the sorbed 
As(III) is then oxidized to As(V) by MnO2 content. The formed As(V) is partially detached 
from the surface with the reductive dissolution of the MnO2 during As(III) oxidation, which 
results in an appearance of As(V) species in the solution phase.  
As(V) in the solution can also be adsorbed by the surface of the sorbent. During the 
initial reaction, the amount of detached As(V) is over the sorbed one and the As(V) 
accumulates in the solution and then reaches a maxima. With the reduction of As(III) 
concentration in the solution, the oxidized and detached As(V) then decreases; the sorption of 
formed As(V) dominates and the As(V) concentration in the solution phase therefore 
decreases gradually. These results indicate that the Zr-Mn binary hydrous oxide can 
effectively oxidize As(III) to As(V) and sorb the formed As(V). 
 
4.2.3  Adsorption isotherm  
The adsorption isotherm provides important information in design and operation of 
any adsorption system. As such, adsorption isotherm experiments were conducted. 
The adsorption capacities of the Zr-Mn binary hydrous oxide for arsenic were 
evaluated at pH 5.0 and pH 7.0. As shown in Figures 4.5 and 4.6, the Zr-Mn binary hydrous 
oxide has higher sorption capacity for both As(V) and As(III) and is much more effective for 
As(III) removal than As(V).  
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Furthermore, it is interesting to note that the presence of As(III) could enhance the 
total arsenic uptake when we compare the sorption behaviors of the three cases. Similar 
phenomena were also observed by other researchers using Mn-oxide or Mn-oxide contained 
sorbent for arsenic sorption (Zhang et al., 2007; Stumm et al.,1981; Parikh et al., 2010). It is 
possible that the reductive dissolution of manganese dioxide causes an increase in the 
adsorption sites for arsenic at the solid surface during As(III) oxidation, leading to an 




Figure 4.5 Sorption isotherms of arsenic on Zr-Mn binary hydrous oxide in 0.01 M NaNO3 at 
pH 5.0. Freundlich equation was used to fit the experiment data. 
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Figure 4.6 Sorption isotherms of arsenic on Zr-Mn binary hydrous oxide in 0.01 M NaNO3 
at pH 7.0 ± 0.1. 
 
Both Langmuir and Freundlich equations were employed to describe the sorption 
isotherm data. The adsorption constants obtained from the isotherms at certain experimental 
conditions are listed in Tables 4.1 and 4.2 for pH 5 and pH 7 respectively. As shown in the 
tables, the higher regression coefficients suggest that the Freundlich model is more suitable 
for describing the sorption behavior than Langmuir model. Langmuir model assumes that the 
sorption and desorption rates are identical and does not include the case of an oxidation of 
dissolved species due to any reaction with the surface. However, the As(III) uptake by the Zr-
Mn binary oxide involves not only sorption process but redox reaction on the surface, which 






Table 4.1 Parameters for Langmuir and Freundlich adsorption isotherms at pH 5  
 
 
Table 4.2 Parameters for Langmuir and Freundlich adsorption isotherms at pH 7 
As species          















As(V)  52.0 11.5 0.945 40.8 0.102 0.869 
50%As(V)+ 50%As(III) 
50%As(III) 
74.4 3.31 0.743 45.8 0.205 0.988 
As(III)  83.7 1.98 0.666 48.4 0.229 0.980 
  
Direct graphic maximal sorption capacity (corresponding to the isotherm plateau) 
gives the maximal adsorption capacities of 80 and 104 mg g
-1
 for As(V) and As(III) 
respectively at pH 5; it gives the maximal adsorption capacities of 52 and 96 mg/g for As(V) 
and As(III) respectively at pH 7. Comparison of the above two figures shows that the 
adsorption capacities of them are quite similar to each other, which is consistent with what 
can be seen in the findings of pH effect study to be presented next. 
It should also be noted that this adsorbent has rather high sorption capacity at very 
low equilibrium concentration, which indicates that it is much more suitable for real 
groundwater treatment since arsenic level in groundwater is normally below 100 μg/L. It is 
anticipated that the arsenic concentration in treated water will be below 10 μg/L. 
The obtained maximal sorption capacity (qm) values for As(III) have an advantage 
over the reported values given in the literatures. For example, the maximal uptake is 16.9, 
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26.9, 83 mg/g by MBOP (Burton et al., 2009), CuO nanoparticles (Chen and Lim, 2002) and 
hydrous titanium dioxide (Sun and Doner, 1996) respectively.  




Sorbent Conc range  qmax for As(III) qmax for As(V)  Refenerce 
ZrO2·xH2O  0.3-100 
mg/L 
47.1 mg/g (7.0) 29.3 mg/g 
(7.0) 
Lenoble et al., 2004 
MWCNT-ZrO2 0.1 mg/L 2.0 mg/g (6.0) 5.0 mg/g (6.0) Hang et al., 2012 
MnO2 0.1-50 
mg/L 
9.7 mg/g (N/A) 7.5 mg/g (N/A) Parikh et al., 2010 






Parikh et al., 2010 
uyr6urjjfjffh22010 Nano-TiO2 N/A 59.9 mg/g (7.0) 37.5 mg/g 
(7.0) 





26.9 mg/g (8.0) 22.6 mg/g 
(8.0) 
Ntim et al., 2012 
Fe-Mn oxide 5-40 mg/L 132.7 mg/g 
(5.0) 
69.  mg/g 
(5.0) 
Zhang et al., 2007 




Li et al., 2010 
Zr-Mn oxide 5-40 mg/L 104 mg/g (5.0) 80 mg/g (5.0) Present 
a
 pH is shown in parentheses. N/A: not available. 
 
These qmax values are further compared with the reported values of other sorbents 
(Table 4.3). It is found that the prepared Zr–Mn binary hydrous oxide outperforms many 
other sorbents. It should be noted that this sorbent still have rather high sorption capacity at 
very low equilibrium concentration (seen in the enlarged graph in Figure 4.3), which 
indicates that it is much more suitable for real groundwater treatment since As level in 
groundwater is normally below 100 μg L-1 and the As concentration in treated water should 
be below 10 μg L-1. 
 
4.2.4  Role of sulfate 
It is commonly accepted that the replacement of surface hydroxyl groups on metal 
oxides by anions such as arsenate is mainly responsible for their sorptive removal from 
solution aqueous. (Ntim and Mitra, 2012). Additionally, the exchange of surface sulfate may 
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play an important role in As(V) uptake by metal oxides containing sulfate ( Tamura et al., 
2001; Burton et al., 2009). 
The prepared Zr-Mn binary oxide was found to contain about 9.6% of sulfate. Thus, 
the anion exchange between the arsenic and sulfate on the surface of Zr-Mn binary oxide may 
play a certain role in arsenic uptake.  






























Adsorbed As(V) (mmol g
-1
)  
Figure 4.7 Relationship between the amounts of released sulfate and adsorbed As(V) 
per unit solid mass. 
  To investigate the role of sulfate exchange in arsenate sorption, the relationship 
between the amount of released sulfate and amount of sorbed arsenate was examined with the 
result shown in Figure 4.7.  
  From the slope of the regression line of relatively low coverage, the Zr-Mn binary 
oxide releases about 0.31 mmol sulfate for every 1 mmol As(V) that is sorbed.  
For higher arsenate coverage, the role of sulfate exchange in arsenate sorption was not 
obvious, since the exchangeable sulfate is almost completely released to the solution. 
However, this anion exchange is not the main mechanism for As(V) sorption because of the 
relatively low release ratio of sulfate. Thus, it could be concluded that the replacement of 
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surface hydroxyl groups might be the dominant mechanism for As(V) uptake and sulfate 
exchange play an important role. 
 
4.2.5  FTIR and XPS analyses 
Infrared Vibrational Spectroscopy (IR) and X-ray Photoelectron Spectroscopy (XPS) 
are the techniques for the study of reactions that occur in various systems (e.g., reduction, 
adsorption) (Chen et al. 2002; Sun and Doner, 1996; Goldberg et al. 2001). 
 
FTIR study 
FTIR spectra of Zr oxide, Mn oxide and Zr-Mn binary oxide before and after reaction 
with arsenic are shown in Figure 4.8. The FTIR spectra of pure ZrO2 and pure MnO2 before 
and after reaction with arsenic are presented for the sake of comparison.   
For ZrO2 spectra, the band at 1625 cm
-1
 is assigned to the deformation of water 
molecules and indicated the presence of physisorbed water on the oxide. The peaks at 1566 
and 1350 cm
-1
 might be ascribed to the asymmetric stretching vibration of sorbed CO3
2-
 since 
the systems are open to atmosphere during the preparation of Zr oxide and KBr pellets (Chen 
et al., 2002). 
After the reaction with As(III), no significant change is observed in the FTIR 
spectrum. While a new band, corresponding to As-O stretching vibration, appears at 832 cm
-1
 
after reaction with As(V). This indicates that the As(V) is bound as a surface complex and 
not as a precipitated solid phase.  
For MnO2 spectra, only a peak at 1625 cm
-1
, corresponding to the vibration of water 
molecules, is obviously observed. No obvious change is found for the sample after reaction 



















































































Figure 4.8 FTIR spectra of (A) Zr oxide, Zr oxide+As(III), and Zr oxide+As(V); (B) Mn 
oxide, Mn oxide+As(III), and Mn oxide+As(V); (C) Zr-Mn oxide, Zr-Mn oxide+As(III), and 
Zr-Mn oxide+As(V). Initial arsenic concentration was 0.133 mM and a solid concentration of 
200 mg L
-1
 was used for all samples. Solution pH value was 7.0 (maintained by intermittent 




For original Zr-Mn binary oxide spectra, the peak at 1630 cm
-1
 is assigned to the 
deformation of water molecules; the two peaks at 1580 and 1380 cm
-1
 might attributed to the 
vibration of sorbed CO3
2-
; three peaks at 1122, 1065 and 984 cm
-1
 could ascribed to the 
vibration of sulfate (Su and Susrez, 1997). After reaction with As(V), the peaks at 1580 and 
1380 cm
-1
 do not obviously change, while three peaks at 1122, 1065 and 984 cm
-1
 disappear 
completely and a new peak at 832 cm
-1 
appears, corresponding to As-O stretching vibration. 
This suggests that the sulfate on the surface of the oxide might be displaced with arsenate and 
the appearance of sulfate in the solution also confirms our interpretation. After reaction with 
As(III), the change in spectra is almost same to that of As(V), which indicates that the As(III) 
is converted to As(V) during its uptake. 
 
XPS study 
The surface compositions of Zr-Mn binary oxide before and after reaction with 
arsenic and valence state of sorbed arsenic were determined by the XPS. The changes in 
surface compositions are presented in Table 4.4.  











Zr-Mn binary oxide 15.17 12.69 69.28 2.85 0.0 
Zr-Mn binary oxide after reaction with As(V) 13.30 13.25 70.13 0 3.32 
Zr-Mn binary oxide after reaction with As(III) 14.55 14.97 68.86 0.07 3.45 
 
After reaction with As(V), the sulfate groups on the surface are completely displaced; 
the arsenate appears at the solid surface. Similar phenomenon can be observed after the 
reaction with As(III). However, the Mn atom content increases, which is not anticipated since 
the reductive dissolution of MnO2 should reduce the Mn content during As(III) sorption and 
oxidation. It is very likely that the released Mn
2+
 is sorbed onto the solid surface again since 
the reaction is carried out at pH 7.0; no soluble Mn is detected in the solution. 
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Figure 4.9 As3d core level of the sorbed arsenic on the Zr-Mn binary hydrous oxide. (a) after 
reaction with As(V) and (b) after reaction with As(III). Initial arsenic concentration:10 mg /L; 
oxide content: 200 mg/L. 
 
Figure 4.9 shows the As3d core level of the Zr-Mn binary oxide after the adsorption 
of arsenate (Figure 4.9a) and arsenite (Figure 4.9b). There is no obvious difference between 
the As3d spectrum of the Zr-Mn oxide after reaction with As(V) and that after reaction with 
As(III). The binding energies are 45.3 and 45.2 eV, respectively. Commonly, binding 
energies of As3d core level for As(III) and As(V) in arsenic oxides are 44.3-44.5 and 45.2-
45.6 eV, respectively (Goldberg and Johnston, 2001; Lefevre, 2004)). They can be slowly 
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shifted up to 44.6 ± 0.13 eV for As(III) and 46.0 ± 0.17 eV for As(V) when arsenic anions or 
molecules are adsorbed onto iron oxide (Ouvrard et al., 2005). This indicated that the arsenic 
species sorbed on the Zr-Mn binary hydrous oxide after reaction with As(III) was As(V) and 





































Figure 4.10 Mn2p core level photoelectron spectra of (a) Zr-Mn hydrous oxide, (b) Zr-Mn 
hydrous oxide after reaction with As(V) and (c) Zr-Mn hydrous oxide after reaction with 
As(III). Initial arsenic concentration:10 mg /L; oxide content: 200 mg/L. 
 
The Mn2p spectra of Zr-Mn hydrous oxide before and after reaction with As(V) or 
As(III) are shown in Figure 4.10a-c, respectively. The binding energy of Mn2p3/2 of original 
Zr-Mn binary hydrous oxide is 642.03 eV. It was reported that the Mn2p3/2 binding energy of 
birnessite was 642.0 ± 0.1 eV (Ding et al., 2000), which suggested that the Mn oxide in the 
76 
 
Zr-Mn binary oxide was mainly MnO2. After reaction with As(V), the binding energy was 
642.01 eV and had almost no change. Whereas, an obvious shift in the binding energy (from 
642.03 to 641.66 eV) was observed after reaction with As(III). This might be ascribed to an 
increase in the reduced Mn species at the surfaces of the Zr-Mn binary hydrous oxide. Nesbitt 
and Banerjee analyzed thoroughly the Mn2p spectra of Mn oxyhydroxides and found that 
binding energies of Mn(IV), Mn(III) and Mn(II) species were very close to each other and the 
binding energy of Mn with low oxidization state located on the low energy side (Su et al., 
1997). 
 
4.2.6  Illustration of mechanisms in arsenic adsorption 
It can be concluded that the arsenate uptake is achieved mainly through the 
replacement of surface hydroxyl groups and sulfate with As(V) anions and formation of 
surface complexes, as described in Figure 4.11. It is rather complicated because not only 
sorption but also surface redox reactions are involved.  
As(III) is mainly present in uncharged H3AsO3 species under tested conditions since 
arsenite has a pKa1 value of 9.2. H3AsO3 molecules are firstly transported to the solid/water 
interface from bulk solution and are then sorbed onto the surface by formation of inner-
surface complex. The H3AsO3 molecules sorbed through formation of As(III)-O-Mn complex 
transfer two electrons to the Mn atoms, by which As(III) is oxidized into As(V). The formed 
As(V) and Mn
2+
 are released into the solution along with the reductive dissolution of MnO2. 
New active sorption sites are produced at the solid surface during this process. The As(V) in 
the solution phase is then transported to the solid/water interface and adsorbed onto the 
surface, occupying empty sorption sites or replacing the sorbed As(III). The Mn2+ might be 
also adsorbed to the surface since the surface is negatively charged. This process continues 





Figure 4.11 Diagrammatic illustration of As(III) uptake by Zr-Mn binary hydrous oxide 
 
4.3  Adsorption performance of heavy metals (HM) 
The adsorption performance of Zr-Mn binary hydrous oxide was studied on copper and 
lead.   
4.3.1  pH effect study 
The aim of the pH effect study was to investigate how the different initial pH values 
of the solutions can affect the adsorption of copper and lead onto the adsorbents. The 
experiments were conducted for Cu and Pb solutions with initial pH values within the range 
of pH 3 to 6. The effect of initial pH on the uptake of Cu and Pb is shown in Figure 4.12, 
where the adsorption capacities of the adsorbents are plotted against the initial pH values at 
which the experiments were carried out.  
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Figure 4.12 Effect of pH on the adsorption of Cu and Pb onto Zr-Mn nanoparticles at the 
different initial pH of the test solution. Experimental conditions: sorbent dosage = 0.2 g/L, 
initial concentration of Cu = 2.804 mg/L, initial concentration of Pb = 10.98 mg /L. 
The results show that the adsorption of Cu and Pb onto the adsorbents is pH 
dependent. The uptake of Cu and Pb increases as the pH goes up. The maximum uptake of 
Cu and Pb occurs at pH>4. 5 and pH> 3.5, respectively. The precipitation would take place 
when solution is weak alkaline. The optimal pH is determined to be pH 5 for the subsequent 
experiments. The trend of the adsorption capacity as a function of pH can be explained by the 
behaviour of the surface charge of the adsorbent.  
In our previous study, we found that the point of zero charge (PZC) of the sorbent was 
around 4.95. At very low pH values, the positively charged adsorbents have poor attraction 
for the positively charged copper and lead ions, resulting in lower adsorption capacity. At 
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higher pH values, the negatively charged adsorbents gradually attract the positively charged 
copper and lead ions, increasing the copper and lead adsorption capacity of the adsorbents.  
4.3.2  Adsorption Kinetics 
The adsorption kinetics experiment describes the rate of copper and lead uptake on 
the sorbent. The experiment was conducted at the optimal pH 5. Figure Error! Reference 
source not found.4.13 shows the adsorption kinetic of copper and lead onto the Zr-Mn 
adsorbent. From the figure, it can be observed that most of the uptake of copper and lead 
takes place within the first 120 min. Adsorption of copper and lead reaches equilibrium 
within 300 min at pH 5.  
To better understand the adsorption kinetics of copper/lead on the HFMs, the 
adsorption kinetics data can be described by pseudo-first order and pseudo-second order 
models. 
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Figure 4.13  Adsorption kinetics of copper and lead on to the Zr-Mn sorbent. Experimental 
conditions: sorbent dosage = 0.1 g/L, initial concentration of copper / lead = 10mg/L, initial 
pH = 5, shaking duration = 30 hr. 
As shown in Figure 4.13, the experiment data are better fit with the pseudo-second 
order equation than the pseudo-first order equation. The 𝑟2 value for the pseudo-second order 
equation is higher than that for the pseudo-first order equation as demonstrated in Table 4.5.  
 
Table 4.5 Adsorption kinetic constants obtained by different models 
Metal 
 
Pseudo-first order model Pseudo-second order model 
𝑞𝑒 (mmol/g) 𝐾1 (1/h) 𝑟




  Cu 0.351 0.213 0.372 0.367 0.933 0.669 
  Pb 0.228 0.291 0.541 0.234 2.913 0.875 
 
4.3.3 Adsorption Isotherm 
The isotherm experiments were conducted with different initial copper and lead 
concentrations to find out the maximum copper and lead adsorption capacities on the 
adsorbent. The experiments were conducted both at the optimal pH 5 in order to investigate 
the maximum adsorption possible. 
The experimental results for the isotherm study conducted at pH 5 are shown in 
Figure 4.14. The maximum adsorption capacities for copper and lead are 0.95 and 1.2 
mmol/g, respectively. 
The experimental data were fitted into the Langmuir and Freundlich isotherm models 
at pH 5 and shown in Figure 4.14. The various constants of the Langmuir and Freundlich 
isotherm models are determined and shown in Table 4.6. Based on the correlation coefficient 
(r
2





Figure 4.14 Experimental data and Langmuir and Freundlich adsorption isotherm of the 
adsorption of copper and lead from water. Experimental conditions: sorbent dosage = 0.2 g/L, 
initial pH = 5, shaking duration = 48 hr. 
Table 4.6: Langmuir and Freundlich isotherm constants for Cu and Pb adsorption 
 
 






  𝐾𝐹 𝑛 𝑟
2 
 Cu  1.247 43.037 0.786   1.337 6.770 0.920 
    Pb 0.936 21.389 0.636   1.033 3.998 0.957  
 
4.3.4 Effect of co-existing substances  





 on the adsorption of heavy metals onto the zirconium based sorbents 






Figure 4.15 Effect of co-existing substances on heavy metals uptake by Zr-Mn sorbent. 
Conditions: initial concentration of Cu/Pb = 10 mg/L, dosage = 0.2 g/L. T = 20 ℃. 
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 does not influence the 
adsorption of Pb or Cu significantly. It is also found that the existence of HA does not affect 
the uptake of heavy metals obviously.   
 
4.3.5   XPS analysis for copper and lead adsorption 
The XPS analysis is used to study the chemical properties of different adsorbents after 
sorption process. The XPS results were collected in binding energy form and fit using a non-
linear least-square curve fitting program (XPSPEAK41 Software). 
 
Figure 4.16 Wide scan XPS spectra of ZrMn-oxide based nanoparticles (a), and ZrMn based 
nanoparticles after adsorption of Cu (II) (b) and Pb (II) (c) bonded on its surface 
 
Figure 4.16 shows the presence of characteristics peaks for Zirconium on the surface 
of Zr-Mn nanoparticles, which corresponds to the Zr 4p, Zr 3d, Zr 3p, Zr 3p3 and Zr 3p1. 
Similarly, the presence of Manganese was revealed by the presence of Mn 2p3 and Mn 2p1. 
However in the case of copper and lead adsorbed Zr based nanoparticles, there is a clear 

































































indication of the presence of copper and lead Cu 2p, Pb 4f and pb 4d peaks, indicating that 
the copper and lead get adsorbed on to the surface of the sorbent.  
The high resolution scan of Zr 3d spectrum of all samples (before and after copper 
and lead adsorption) were deconvoluted in to daughter peak and the binding energy of 933.2 
and 953.5 eV that corresponds to Cu 2p3 and Cu2p1 respectively. Similarly the binding 
energy of 137.5 and 142.4 ev corresponds with pb 4f7 and pb 4f5 respectively. Zr 3d, Zr 3p3 
and Zr 3p1 binding energy shifted from 192, 325, 335 to 194, 226, 337 for copper and 195.5, 
228, 338.5 ev for lead after binding with the copper and lead ion (Figure 4-17 a, b). This 
gives an indication about the receiving of positive ions from copper and lead to the vacant d-




Figure 4.17: High resolution XPS spectra of ZrMn-Oxide based nanoparticle: (a) Cu 2p core 





























4.4 Summary of findings  
A nanostructured zirconium-manganese binary hydrous oxide is synthesized by a one-
step simultaneous oxidation and coprecipitation method. The synthetic Zr-Mn binary hydrous 
oxide is amorphous; Zr and Mn in this oxide exist mainly in the oxidation state + IV. The Zr-
Mn binary hydrous oxide particles are aggregated with smaller nanosized particles, resulting 
in a rough surface and high BET surface area of 213 m
2 
/g. This adsorbent was successfully 
used for the removal of arsenic (As(III) and As(V)) as well as copper and lead, with the 
results as follows. 
The nano particles could effectively oxidize As(III) to As(V) and greatly remove both 
As(V) and As(III). Both As(V) and As(III) sorption are strongly pH dependent and decreases 
with an increase in pH value more than 5. The kinetic study suggested that the sorption 
process is very fast, and 90% of the equilibrium adsorption capacity is achieved within 2.5 
hours. The maximal sorption capacities of As(V) and As(III) were 80 and 104 mg/g at pH 
5.0, respectively. As(V) uptake may be mainly achieved through replacement of the hydroxyl 
groups and sulfate anions on the surface of the oxide and formation of inner complexes. 
While the As(III) removal is a sorption coupled with oxidation process, in which MnO2 
content is mainly responsible for oxidizing As(III) to As(V) and ZrO2 dominantly sorbes the 
formed As(V). 
The Zr-Mn nanoparticles was also found to be very effective in the removal of both 
Cu(II) and Pb(II). Both adsorption are strongly pH dependent and reach the maximum uptake 
at pH>4.5 for Cu and pH> 3.5 for Pb, respectively. Kinetic experiment showed that the 
adsorption equilibrium of Cu(II) and Pb(II) can be reached within 5h at pH 5.0. The maximal 
sorption capacities of Cu(II) and Pb(II) are 1.247 and 0.936 mmol/g at pH 5.0. The co-
substances were found to have little effect on the adsorption of both heavy metals. The XPS 





ENGINEERING APPLICATIONS OF ZR-MN BINARY 
HYDROUS OXIDE FOR ARSENIC REMOVAL 
 
The previous chapter provides us the important chemical and physical characteristics of 
the developed Zr-Mn binary hydrous oxide. A series of results had been obtained for the sake 
of better understanding of chemical performance between the anionic arsenic species and the 
adsorbent. In this chapter, a series of results on the engineering applications of the said 
adsorbent for the treatment of arsenic contaminated surface and ground water is presented. 
With the information given below, one would easily obtain the important parameters for the 
design and operation of adsorption system for treating the contaminated water. 
 
5.1  Influence of coexisting anions 
 
Anions such as sulfate, bicarbonate and phosphate are generally present in surface 
water and groundwater. They may interfere in the uptake of arsenic through competing 
adsorption and other mechanisms. Thus, the influences of these anions at different 
concentrations (from 5 to 100 mg/L) on the arsenic removal were studied at pH of 7.0 ± 0.1. 
The experimental results are presented in Figure 5.1. 
Obviously, the presence of sulfate has no significant influence on the As(V) removal. 
Only a 1.2% reduction in As(V) removal is observed even when the sulfate concentration is 
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Figure 5.1 Influences of co-existing anions on As(V) (a) and As(III) (b) removal at fixed 
initial arsenic concentration = 10 mg/L, sorbent dose = 200 mg/L, pH = 7.0 ± 0.1, agitation 
speed = 200 rpm and T = 24 ± 1˚C. 
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According to the modeling results on the speciation calculated by the MINEQL shown 
in Figure 5.2, the sulfur exists as sulfate (SO4
2-
) at pH > 4.5. As discussed in the previous 
chapter, the removal of arsenic seems dependent upon the sulfate. Figure 5.2 shows that good 
adsorption for arsenic can still be achieved even with high content of sulfate in the water. 
This indicates that the uptake of arsenic may also be due to complexation reactions.  
 
 
Figure 5.2 Sulfate distribution as a function of pH 
 
Carbonate exists in groundwater and surface water. In the water, typically carbonate 
exists as bicarbonate according to the modeling result by the MINEQL, as shown in Figure 
5.3. The presence of bicarbonate slightly decreases the removal of As(V). A decrease of 
about 15% in As(V) removal is found when the bicarbonate concentration reaches to 100 
mg/L. This indicates that the adsorbent is quite suitable for treatment of arsenic contaminated 
natural water that contains higher level of carbonate (i.e. alkalinity). It further indicates that 
the affinity between the functional groups in the adsorbent and the carbonate is far weaker 
than that of between the functional groups in the adsorbent and the arsenic species.  
SO4
2-







Figure 5.3 Carbonate distribution as a function of pH 
 
However, the effect of phosphate on the adsorption of arsenic is very different when it 
is compared to the above two cases. Figure 5.1 demonstrates that the coexisting phosphate 
greatly hinders the As(V) sorption, especially at high concentration levels.  
Such a significant decrease in the As(V) sorption is likely due to the stronger 
competition for the binding sites of the adsorbent between the phosphate and arsenic. Both 
phosphate and arsenic are located in the same main group in the periodic table; the molecular 
structure of phosphate ion is in fact very similar to that of arsenic ion. Thus, the phosphate 
ions would strongly compete with arsenic ions for adsorptive sites on the surface of the 
adsorbent.   
Figure 5.1a and b demonstrate that the influences of coexisting anions on As(III) 
removal is very similar to that of As(V). This is expected because As(III) in the solution at 
first is  completely oxidized to As(V) by the manganese of the adsorbent. 
CO3
2-
              H2CO3(aq)                HCO3
-
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5.2  Arsenic contaminated groundwater 
 
The performance of arsenic removal in contaminated groundwater by the adsorbent 
may be greatly hindered, due to the complexity of substances in the natural groundwater and 
possible competitive adsorption with these substances. To evaluate the arsenic removal 
performance of Zr-Mn binary hydrous oxide in the groundwater, a kinetic study was carried 
out using a well-water sample taken in an arsenic contaminated site in Shanxi Province, 
China.  
    Table 5.1 Characteristics of the groundwater sample taken in Shanxi Province, China. 
Items Value 
pH 7.2 
TDS (mg/L) 356 
Conductivity (μS/cm) 758 
Turbidity (NTU) 4.91 
NO3
-
 (mg/L) 5.0 
HCO3
-
 (mg/L) 159.3 
Ca (mg/L) 22.27 
Mg (mg/L) 41.04 
P (mg/L) 0.131 
Si (mg/L) 11.90 
Fe (mg/L) 0.299 
Mn (mg/L) 0.015 
As (µg/ L) 227 
 
 
Table 5.1 shows the characteristics of the groundwater sample used in the experiment. 




Figure 5.4 demonstrates the arsenic concentration during the treatment as a function of 
contact time. Clearly, the arsenic removal from the groundwater sample is rather fast. With a 
low adsorbent dosage of 0.1 g/L, the arsenic concentration in the groundwater rapidly drops 
to less 10 µg/ L within 60 min, which meets the USEPA standard for arsenic for the drinking 
water. After 90 min, the arsenic concentration decreases to as low as 2.4 µg/ L. These results 
show that the Zr-Mn binary hydrous oxide is very effective at removing arsenic in the 
contaminated groundwater.  
   



















Figure 5.4. Adsorption of arsenic in an arsenic contaminated groundwater. m = 100 mg/L. 







5.3   Arsenic contaminated surface water 
 
5.3.1   Effect of reaction time   
In order to investigate the stability of the adsorbent for the treatment of arsenic 
contaminated surface water, a study was conducted. The findings here can also be used for 
the treatment of industrial wastewater. During the one-year study, the water was taken from 
Jurong Lake, which was dosed with arsenic contaminant, in order to simulate the actual 
arsenic contaminated surface water. As described in Chapter 4, the arsenic was directly dosed 
to the water taken from the lake, so that the concentration of arsenic became similar to the 
reported levels which were at least 5 times higher than the regulated level. The water went 
through the treatment train, including adsorption (reaction) tank, coagulation tank, 
sedimentation tank, and membrane filtration column. The turbidity and arsenic concentration 
in the feed tank and effluent of different units were measured at different reaction time.  
As illustrated in Figure 5.5, the arsenic concentration and turbidity of treated water at 
different locations (e.g. adsorption tank and coagulation tank) varies insignificantly along 
with the reaction time. Furthermore, the final arsenic concentration and turbidity in the 
effluent (labelled as filtration) can meet the WHO and USEPA drinking water standard of 10 
ppb.  
Adsorption plays a key role in the removal of arsenic. As shown in Figure 5.5, after 
adsorption, the arsenic concentration in effluent is about 12 μg/L. The averaged adsorption 
capacity of nano-size adsorbent in this process can reach 18.8 mg/g. The adsorption capacity 
is associated with the concentration of treated water. When the concentration of treated water 
is rather low (such as 12 ppb in this case), the associated adsorption capacity is typically very 
low. For our case here, the adsorption capacity can still be maintained at a rather high level 
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(far away from 1 mg/g that is common for many reported adsorbents). It can be concluded 
that the nano-sized adsorbent is very efficient in the arsenic removal from the lake water.  
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Figure 5.5 Effect of reaction time on removal of arsenic and turbidity (initial arsenic 
concentration = 100 μg/L，adsorbent dosage =5 mg/L and coagulant dosage = 20 mg/L).  
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As shown in Figure 5.5, the arsenic concentration in the effluent of the coagulation 
process decreases further. After the addition of the coagulant and mixing it for about 30 min 
leads to additional removal of arsenic. This is consistent with what had been reported on the 
removal of arsenic by the coagulation process (Kang et al., 2003; Lakshmanan et al., 2010; 
Song et al., 2006).   
The soluble As(V) can be removed by adsorption to the floc formed by the hydrolysis 
of the aluminium salts (Gregor, 2001). A significant increase in the turbidity can be observed 
when adsorbent is added in the reservoir water as shown in the figure 5.6. The level of the 
turbidity in the water reduces greatly by sedimentation and membrane filtration.  
In the coagulation, metal salt(s) is(are) added and become(s) hydrolyzed rapidly to 
cause the formation of amorphous metal hydroxide. The fine (colloidal) particles can be 
enmeshed in these precipitates (Li et al., 2006).  
Although the turbidity increases slightly after coagulation process, the sizes of particles 
would become larger than those in the adsorption tank, which are bigger enough to be 
removed by the subsequent sedimentation tank and ultrafiltration membrane column. By 
comparing the turbidity of the raw water, the water after the adsorption and the effluent of 
membrane filtration, we can see that the newly added nanoparticles in the adsorption tank can 
be effectively removed by the conventional treatment units (i.e. coagulation, sedimentation 
and filter). In other words, we may just modify any conventional water treatment plant so that 
it can be upgraded to treat the arsenic containing water.  
The presence of the nano-sized adsorbent in the treated water is always an issue of 
concern as the water is for drinking by humans. From the above findings, we can expect that 
the content of the adsorbent would be lower enough and the water would be safe. The toxicity 
of treated water was further studied with the results presented in this chapter, which will 
show the safety of water for human health.  
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5.3.2   Effect of adsorbent dosage and initial arsenate concentration 
 
 Considering the complexity of arsenic-contaminated water, the dosage of adsorbent 
must be properly adjusted to ensure that the effluent from the full-scale treatment system can 
well meet the WHO’s drinking water standard. Several experiments were conducted to 
optimize the dosage of adsorbent. 
In the experiments, at an initial arsenic concentration of around 50 μg/L, the adsorbent 
dosages of 1.25, 2.50 and 3.75 mg/L were respectively selected. As shown in Figure 5.6, the 
final arsenic concentration in the effluent achieved were 5.6, 3.1 and 5.8 μg/L, respectively, 
with an average of 4.83 μg/L, which is far below the regulated safe level for drinking water.  
When the initial arsenic concentrations are 50, 100 and 200 ppb and the adsorbent 
dosage of 2.5 mg/L is used, the arsenic concentrations in the treated effluent are 3.1, 5.8 and 
17.5μg/L, respectively. When the initial arsenic concentration is 100 μg/L, with a smaller 
dosage of 1.25 mg/L, the arsenic concentration in the treated effluent becomes only about 3.9 
μg/L, which can well meet the maximum contaminant level of 10 μg/L.  
The adsorbent well performs in the treatment of arsenic containing natural surface 
water. In order to ensure in the production of safer drinkable water by treating arsenic 
contaminated groundwater or surface water, the adsorbent dosage must be controlled at 5.0 
ppm (5 mg/L or 5 grams for treating 1 cubic meter of water) according to the above study. 
This dosage is quite lower than many commercial adsorbents as well as those reported in 
various research papers (Goswami et al., 2012, Önnby et al., 2012, Parikh et al. 2010).  
In addition, it is noted that the turbidity in all the effluents well meet the WHO 
standard. From these data, it can be concluded that the natural matters and the nanoparticle 
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5.3.3   Effect of co-existing ions  
 
Some of commonly existing cations and anions in the natural groundwater or surface 
water may compete with the arsenic for the adsorption sites, which affects the arsenic 









 were examined in the pilot scale system. Noted that these concentration levels 
represent typical values in the waters in the contaminated areas. 
It is observed in Figure 5.7 that these co-existing ions have less important influences 
on the removal of As(V). When co-existing ions Cu
2+
 (10 mg/L), Pb
2+





 (10 mg/L) are present in the reservoir water, the final As(V) concentrations in 
the effluent are as low as 5.1, 3.4, 6.9 and 5.3 μg/L, respectively, which are only marginally 
higher than the results of arsenic removal from water with no competing elements. However, 
the arsenic levels of the treated water are still below the WHO drinking water standard.  
Similarly, the effects of these coexisting ions on the turbidity removal are 
insignificant, as shown in the Figure 5.7. In other words, the presence of such ions has less 
impact on the performance of coagulation, sedimentation and filtration.  
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Figure 5.7 Effect of co-existing ions on the adsorption of arsenic and turbidity (initial 





5.3.4   Effect of As(III) 
  
 It is known that the arsenite, As(III) species  are the predominant ionic form of arsenic 
in ground water in arsenic affected areas and is more toxic to human health due to its 
chemical and physical properties (Aposhian et al. 2003). As(III) is usually oxidized to As(V) 
by aeration and then subjected to other treatment processes such as adsorption or ion 
exchange. This is due to the fact that As(V) species are easier to be removed than As(III) by 
the conventional water treatment processes (Zhang and Itoh 2006; Zhao et al., 2010).  
Due to its environmental importance, the effect of As(III) on the arsenic removal 
efficiency was studied by the pilot scale system. As shown in Figure 5.8, the final arsenic 
concentrations in the effluent are 3.2, 13.7 and 6.1 ppb, for the contaminated water containing 
50 μg/L As(V), 50 μg/L As(III), and As(III) and As(V) each with 25 μg/L, respectively. The 
WHO drinking water standard of 10 ppb can be met for the first and the third cases.  
Although arsenic concentration in the effluent exceeds the WHO standard when the 
initial As(III) concentration is 50 μg/L and the adsorbent dosage is 5 mg/L, the arsenite 
adsorption capacity of Zr-Mn binary oxide still reaches 6 mg/g. Slight increase in the dosage 
of adsorbent from 5 mg/L would help to lower down the arsenic level to meet the WHO 
drinking water standard. Alternatively an aeration process or a pre-oxidation (by ozone or 
AOP) could be employed as a pretreatment unit to convert the As(III) to As(V), by which the 
As(V) can become a major species and thus can be adsorbed as shown in Figure 5-9 (cases of 
As(V) or As(III)/As(V)). It is recommended that the aeration be used as a preferable choice 
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Figure 5.8 Effect of As(III) on the arsenic removal efficiency (initial arsenic 
concentration 100 μg/L, adsorbent dosage 5 mg/L and coagulant dosage 20 mg/L).   
 
5.4  Toxicity analysis 
 In order to ensure the effluent water from the pilot scale water treatment system was 
free from any types of toxicity effect, Cytotoxicity test using Breast cancer stem (MCF7) 
cells was carried out to measure the toxicity of a series of samples. The initial water quality 
of six samples can be referred to Table 5.2. Figure 5.9 shows that the cell number and growth 
on Day 1 and Day 3 are similar as compared to the control results. This indicates that all nine 
samples do not show any toxic effect towards the Breast cancer stem (MCF7) cells. The 
results of in vitro cell culture studies reveal that all nine samples are cytocompatible without 
any toxic nature and the effluent from our system can be safe as drinking water.   
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Figure 5.9 Cell viability test with breast cancer stem cell (MCF7) on the different samples 
(A) days-1 and (B) days-3 of analysis. The control experiment was normalized as the same 
cell line used with different time scales. 
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Table 5.2 Water quality and toxicity results of nine samples in toxicity study 
NO. Sample Cytotoxicity 
1 [As]0 = 100 μg/L, 5 mg/L adsorbent, treated water NO 
2             [As]0 = 100 μg/L, 2.5 mg/L adsorbent, treated water NO 
3    [As]0 = 100 μg/L, 1.25mg/L adsorbent, treated water NO 
4             [As]0 = 50 μg/L, 5 mg/L adsorbent, treated water NO 
5        [As]0 = 50 μg/L, 5 mg/L adsorbent, [Cu
2+
]0  = 10 mg/L NO 
6          [As]0 = 200 μg/L, 5 mg/L adsorbent, [Cu
2+
]0  = 10 mg/L NO 
7         [As]0 = 50 μg/L, 5 mg/L adsorbent, [Pb
2+
] 0 = 100 mg/L NO 
 8          [As]0 = 50 μg/L, 5 mg/L adsorbent, [HCO3
-
]0 = 50 mg/L NO 
9 [As]0 = 50 μg/L, 5 mg/L adsorbent, [F
-
]0 = 10 mg/L NO 
 
5.5  TCLP test of spent adsorbent 
 
To assess the hazard level of spent adsorbent that has a loading of 33.6 mg-arsenic/g, a 
TCLP test was performed. The results show that the leached arsenic concentration in the used 
fluid (acetate buffer, pH = 4.93) is 0.08 mg/L. According to the USEPA, if the leached 
arsenic concentration from the contaminated solid waste is ≥ 5 mg/L, the solid should be 
marked as the hazardous waste, and should need special precaution for disposal. Our result 
obviously indicates that the spent adsorbent is far lower than the specified limit. Therefore, 
this arsenic-containing solid waste is nonhazardous material and can be safely discharged in 







5.6 Summary of findings 
  
 Based on the results from our pilot scale water treatment system, the use of adsorption, 
coagulation, sedimentation and ultrafiltration membrane can be actually applied to treat 
arsenic contaminated natural water. The system had a good stability and the arsenic 
concentration and turbidity in the treated water met the drinking water standard. The turbidity 
was found to have increased after the addition of adsorbent and coagulant. Al2(SO4)3 as the 
coagulant can dissolve the metallic ion (Al
3+
) hydrates and is hydrolyzed to form some 
polymeric species or Al(OH)3 which can link the suspended particles together.  
Although the turbidity slightly increases in the coagulation, the size of suspended 
particles increased sufficiently to be removed by the following sedimentation and membrane 
filtration. The turbidity in the treated water was decreased to below 1 NTU, which showed 
the added nanoparticles can be effectively removed to eliminate the risk on the human health. 
The toxicity of the effluent was further analysed by human cell lines, and results showed that 
these samples were cytocompatible without any toxic nature.  
The novel adsorbent developed by our group revealed quite a high adsorption capacity 
even at very low initial arsenic concentration. When the initial arsenic concentration was 100 
μg/L, only 1.25 mg/L adsorbent was needed to ensure the arsenic concentration in the 
effluent meet the drinking water standard. Only a slight influence on the removal of As(V) 









The removal efficiency of As(III) was observed to be somewhat lower than As(V) in 
the pilot scale system. The adsorbent dosage will require to be increased or an aeration 
process could be employed as pretreatment to ensure the water safety when a certain amount 







 ADSORPTION OF FLUORIDE BY ZR-MN BINARY 
HYDROUS OXIDE 
 
6.1 Properties of Zr-Mn binary hydrous oxide  
 
The Zr-Mn binary hydrous oxide can be prepared according to the approach described 
in Chapter 3. A series of studies was conducted to study the physical and chemical properties 
of the materials, which were described in Chapter 4, Section 4.1. 
 
6.2  Adsorption Kinetics of fluoride 
 
The adsorption kinetics experiment describes the rate of fluoride uptake on the sorbent. 
The experiment was conducted at the neutral pH 7 in order to simulate the condition of an 
actual drinking water pH. Figure 6.1 shows the adsorption kinetic of fluoride onto the 
zirconium based adsorbent. From the figure, it can be observed that most of the uptake of 
fluoride takes place within the first 2 h. Adsorption of fluoride reaches equilibrium within 4 h 
at pH 7.  
The intraparticle diffusion model defined in Chapter 3, well describes the experimental 
data of adsorption kinetics under both pH (Figure 6.1). The good simulation result indicates 
that the adsorption process is mainly controlled by the intrapaticle pore diffusion in the 
sorbent, while the external mass transfer is less critical. This result is confirmed by the values 
of 𝑘𝑓 and Dp summarized in Table 6.1. 
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Table 6.1 The parameters of pore diffusion model for adsorption onto Zr based nanoparticles 
  𝑘𝑓 (m/s) Dp (m
2
/s) 







Figure 6.1 Adsorption kinetics of fluoride on to the Zr based nanoparticles sorbent and pore 
diffusion modelling. Experimental conditions: sorbent dosage = 0.2 g/L, initial concentration 
of fluoride solution = 10 mg /L, initial pH = 7, shaking duration = 30 hr. 
 
6.3 Adsorption Equilibrium 
 
6.3.1  pH Effect study 
 
The aim of the pH effect study was to investigate how the different initial pH values of 
the solutions can affect the adsorption of fluoride onto the adsorbents. The experiments were 
conducted for fluoride solutions with initial pH values within the range of pH 2 to 10. The 
effect of initial pH on the uptake of fluoride is shown in Figure 6.2 where the adsorption 
capacities of the adsorbents are plotted against the initial pH values at which the experiments 




Figure 6.2 Effect of pH on the adsorption of fluoride onto Zr based nanoparticles at the 
different initial pH of the test solution. Experimental conditions: sorbent dosage = 0.2 g/L, 
initial concentration of fluoride solution = 10 mg /L, shaking duration= 48 hr. 
 
The results show that the adsorption of fluoride onto the adsorbents is pH dependent. 
The maximum fluoride uptake occurs at acidic conditions, between pH 2.5 and 3.5. The 
uptake of fluoride is higher at low pH values and lower at high values. At low pH values, the 
uptake of fluoride increases as pH increases; beyond pH 3 the uptake of fluoride is 
significantly lower and decreases with increasing pH values. The maximum uptake of 
fluoride was observed at approximately pH 3. The optimal pH is determined to be pH 3; the 
subsequent experiments were conducted at the optimal pH. The trend of the adsorption 
capacity as a function of pH can be explained by the behaviour of the surface charge of the 
adsorbent.  
In our previous study given in Chapter 4, we found that the point of zero charge (PZC) 
of the sorbent was around 4.95. At very low pH values, the positively charged adsorbents 
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have a stronger attraction for the negatively charged fluoride ions, resulting in higher 
adsorption capacity. At higher pH values, the negatively charged adsorbents gradually lose 
attraction for the negatively charged fluoride ions and may even repel them, thus lowering the 
fluoride adsorption capacity of the adsorbents.  
 
6.3.2 Adsorption Isotherm of fluoride 
 
The isotherm experiments were conducted with different initial fluoride concentrations 
to observe the maximum fluoride adsorption capacities on the adsorbents. The experiments 
were conducted both at the optimal pH (pH 3) and the neutral pH (pH 7) in order to 
investigate the maximum adsorption possible and to simulate a condition similar to that of 
actual drinking water.  
The experimental results for the isotherm study conducted at pH 3 is shown in Figure 
6.Error! Reference source not found.3. The adsorption capacity of the adsorbent increases 
steadily when the initial fluoride concentration is below 20 mg/L. The adsorption then 
reaches a slight plateau with initial fluoride concentrations above 20 mg/L.  
The data for the adsorption of fluoride onto the designed sorbent were fitted into the 
Langmuir and Freundlich isotherm models, described in chapter 3 and shown in Figure 6.3. 
Based on the correlation coefficient (r
2
) value, the Langmuir model is found to be a better fit 
for the isotherm data at both pH 3 and pH 7. At pH 3, the r
2
 value of the Langmuir model is 
0.994 and the maximum adsorption capacity of Zr based nanoparticles is found to be 71.42 
mg/g. 
At pH 7, the r
2
 value of the Langmuir model is 0.993 and the maximum adsorption 
capacity of ZrMnO4 is found to be 20.44 mg/g. The various constants of the Langmuir and 






Figure 6.3 Linearized (a) Langmuir and (b) Freundlich adsorption isotherm of the adsorption 
of fluoride from water. Experimental conditions: sorbent dosage = 0.2 g/L, initial pH = 3, 





Table 6.2 Langmuir and Freundlich isotherm constants for fluoride adsorption 
 
pH 
Langmuir Adsorption Isotherm Freundlich Adsorption Isotherm 
Qmax (mg/g) b (L/mg) r
2
 kf n r
2
 
pH 3 69.93 0.159 0.993 18.16 3.30 0.763 
pH 7 21.01 0.147 0.996 5.499 3.15 0.969 
 
As the Langmuir model is found to be a better fitting for the adsorption isotherm data, 
the adsorption process can be considered to have followed chemisorption. 
 
6.3.3  Effect of competitive factors 
 
The existence of natural organic matter in the environment may affect the adsorption of 
fluoride by changing the surface properties of the adsorbent. The presence of some anions 
may also result in competition with fluoride for the active sites on the sorbent and thus reduce 
the uptake of fluoride. The effect of natural organic matter and coexisting anions on the 
adsorption of fluoride onto the zirconium based sorbents were investigated. Humic acid was 
used to represent natural organic matter (Figure 6.4a) and the anions investigated were 
sulphate, phosphate and silicate as shown in Figure 6.4 (b-d).  
The experiments were carried out using 10 mg/L fluoride solutions that contained 
different concentrations of the humic acid or anions studied. The adsorption capacities of the 
adsorbents are plotted as a function of the different concentrations of the competing 
substance. The results show that the presence of phosphate and silicate ions significantly 
reduces the adsorption of fluoride onto the designed nanoparticles. The presence of sulphate 
ions however, does not seem to affect the uptake of fluoride. The results also suggest that the 




   
    
Figure 6.4 Effect of humic acid and coexisting anions (sulphate, phosphate and silicate) on 
the adsorption of fluoride onto Zr based nanoparticles. Experimental conditions: sorbent 
dosage = 0.2 g/L, initial pH = 7, shaking duration = 48 hr. 
 
6.3.4  Effect of ionic strength  
 
The adsorption of fluoride in water can be influenced by other ion species and 
concentrations. The presence of background electrolytes may result in competition between 
the anion to be adsorbed and the ions from the background electrolyte. The effect of ionic 
strength on anion adsorption can help to provide a measure of the relative bonding affinity of 
these ions for surface hydroxyl groups on the adsorbent. For anions which are bonded 
relatively strongly to oxides, changes in the ionic strength of the water are expected to have 





For weakly bonded anions, an increase in the ionic strength may reduce the adsorption 
capacity more significantly (Hayes et al., 1987). Owing to that, sodium perchlorate has been 
added to the fluoride containing solutions to study the ionic strength effects on the adsorption 
of fluoride onto the adsorbents to find out the extent of its effects on fluoride adsorption in 
the pH effect and isotherm adsorption experiments. The results in Fig 6.5 show that the 
addition of NaClO4 had very little effect on the adsorption of fluoride onto the adsorbents. 
This suggests that the bonding between the fluoride ions and the adsorbents is relatively 
strong, and thus the adsorption of fluoride at different pH values is not so affected by the 
presence of the background ions. Similarly the study on effect of such anions was carried out 
for isotherm test. Overall, the ionic strength in the solution seems to have not much effect on 
the isotherm studies. 
 
Figure 6.5 Ionic strength effect on fluoride adsorption in the pH effect study for Zr based 
nanoparticle. Experimental conditions: sorbent dosage = 0.2 g/L, initial concentration of 





6.4  FTIR and XPS analysis 
 
The FTIR spectra of our designed sorbent and fluoride-adsorbed sorbent was shown in 
Figure 6.6. From the spectra it can be seen that, the obvious peak at 3200 to 3600 cm
-1
 was 
due to the hydroxyl groups present on the surface of the sorbent. The peak at 1630 cm
-1
 may 
be due to the deformation of the adsorbed water molecule on the surface. However the peak 
at 1572 and 1362 cm
-1
 may be due to the presence of adsorbed CO3
2-
 (Fig 6.6b). Mean while 
some of polyfluoro compounds also give adsorption at around 1362 cm
-1
. The additional peak 
at 516 cm
-1
 clearly demonstrates the vibration bond due to Zr-F linkages.       
 
Figure 6.6 FTIR spectra of the (a) Zr based nanoparticle, (b) after fluoride adsorption on to 
the Zr based nanoparticle 
 
In addition, the XPS analysis was used to study the chemical properties of different 
adsorbents after sorption process. Figure 6.7 shows the presence of characteristics peaks for 
Zirconium on the surface of Zr based nanoparticles, which corresponds to the Zr 3s, Zr 3p1, 
Zr 3p, Zr 3d and Zr 4p. Similarly, the presence of Manganese was revealed by the presence of 
Mn 2p1 and Mn 2p2. However in the case of fluoride adsorbed Zr based nanoparticles, there 
was a clear indication of the presence of F 1s peak, indicating that the fluoride get adsorbed 

















on to the surface of the sorbent. The elemental analysis of Zr based nanoparticles after 
fluoride adsorption reveals that the atomic percentages of fluoride are around 8 %. These 
findings confirm the adsorption of fluoride onto the sorbent. The high resolution scan of Zr 
3d spectrum of all samples (before and after fluoride adsorption) was deconvoluted in to 
daughter peak and the binding energy of 181.46 and 183.81 eV that corresponds to Zr 3d5/2 
and Zr 3d3/2, respectively and as shown in Figure 6.8a. However these two binding energy 
shifted to 182 and 184.34 eV after binding with the fluoride ion (Figure 6.8b). This gives an 
indication about the donation of electron from fluoride ion to the vacant d-orbital of the Zr-
moiety. Furthermore, the presence of a clear peak at 683.95 eV is due to the presence of F 1s 
on the adsorbent after adsorption (Figure 6.8c).  
 
 
Figure 6.7 Wide scan XPS spectra of (a) Zr based nanoparticles, and (b) Zr based 
nanoparticles after adsorption of fluoride on to its surface. 





























































Figure 6.8 High resolution XPS spectra of (a) Zr 3d core level before fluoride adsorption, (b) 
after fluoride adsorption and (c) F 1s core level spectrum. 
 
Furthermore, the fluoride adsorbed samples were characterized by EDX analysis. As 
shown in Fig 6.9, it was clearly evident that there is the presence of fluoride peak, which 
again confirms the adsorption of fluoride onto our designed nanoparticles. 
 
 














































ZAF Method Standardless Quantitative Analysis
Fitting Coefficient : 0.4684
Element (keV) Mass% Error% Atom%
C K 0.277 1.36 0.10 5.05
O K 0.525 6.89 0.12 19.18
F K 0.677 4.32 0.45 10.12
Mn K 5.894 71.22 0.58 57.73




6.5   Summary 
The nanostructured zirconium–manganese binary hydrous oxide was developed for the 
adsorption of fluoride from water. It was found that the maximum adsorption of fluoride 
occurs between pH 2.5 to pH 3.5 for the adsorbents. The adsorption kinetics study showed 
that the adsorption of fluoride reached equilibrium at initial 4 h.  
The Langmuir model was found to be good description for the adsorption of fluoride; 
the maximum adsorption capacity at the optimal pH was 71 mg/g. The presence of humic 
acid and sulphate ions did not affect the adsorption of fluoride. However, the presence of 
phosphate and silicate ions reduced the uptake of fluoride. The changes in ionic strength due 
to the presence of NaClO4 did not affect the adsorption of fluoride significantly.  
The complexation of fluoride onto our designed sorbent after adsorption process was 
revealed by the appearance of a clear F 1s peak at 683.95 eV. We conclude that the designed 
nanostructured adsorbent is a promising material for the removal of fluoride from the 






DECONTAMINATION OF ARSENIC, COPPER AND 




Hollow fibre membranes (HFMs) of the Zr:PSF ratio of 1:1 were prepared and the 
detail was described in Chapter 3. A series of studies was conducted to study the physical and 
chemical properties of the HFM under batch reaction and filtration for the adsorption of 
arsenic, copper and lead. 
 
7.1  Adsorption of arsenic 
 
7.1.1   Batch reactor 
 
pH Effect study 
 
The aim of the pH effect study was to investigate how the different initial pH values of 
the solutions can affect the adsorption of arsenic onto the membranes (i.e. adsorbents). The 
experiments were conducted for arsenic solutions with initial pH values within the range of 
pH 2.5 to 9. The effect of initial pH on the uptake of arsenic is shown in Figure 7.1, where the 
adsorption capacities of the adsorbents are plotted against the initial pH values at which the 




Figure 7.1 Effect of pH on the adsorption of As(v) onto the HFM. Experimental conditions: 
sorbent dosage = 0.5 g/L, initial arsenic concentration = 60 mg /L, shaking duration= 48 hr. 
The results show that the adsorption of As(v) onto the adsorbents is pH dependent. The 
maximum uptake of arsenic occurs at acidic condition, between pH 3.0 and 3.5. At pH < 3.5, 
the uptake of arsenic increases as pH increases. When pH is over 3.5, the uptake of arsenic 
significantly decreases with an increase of pH.  
However, at pH 5.0, the uptake of arsenic increases again and appears to reflect a local 
optima. This is to note that the earlier experiments of Zr-Mn nanoparticles for arsenic 
removal were conducted at pH 5.0. In this study of HFM, the optimal pH is determined to be 
pH 3.5, which was used for the subsequent experiments. The trend of the adsorption capacity 
as a function of pH can be explained by the behaviour of the surface charge of the adsorbent 





















The adsorption kinetics experiment describes the rate of As(v) uptake on the HFM. The 
experiment was conducted at pH 3.5. Figure 7.2 shows the adsorption kinetic of As(v) onto 
the zirconium based HFM. From the figure, it can be observed that most of the uptake of 
As(v) takes place within the first 4 h. Adsorption of As(v) reaches its equilibrium within 12 h.  




















 Pseudo-first order model












F q 45.80707 1.48339
F k 2.533 0.46191
 
Figure 7.2 Adsorption kinetics of As(v) on to the HFM. Experimental conditions: sorbent 
dosage = 0.5 g/L, initi l concentration of As(v) 60mg/L, initial pH = 3.5,  
shaking duration = 48 hr. 
To better understand the adsorption kinetics on the HFMs, the adsorption kinetics data 
can be described by pseudo-first order and pseudo-second order models, which were 
described in Chapter 3. 
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As shown in the Figure 7.2, the experiment data are better fit with the pseudo-second 
order equation than the pseudo-first order equation. The 𝑟2 value for the pseudo-second order 
equation is higher than that for the pseudo-first order equation as demonstrated in Table 7.1. 
 
Table 7.1 Arsenic adsorption kinetics constants for the empirical models  
Pseudo-first order model Pseudo-second order model 
𝑞𝑒 (mg/g) 𝐾1 (1/h) 𝑟
2 𝑞𝑒 (mg/g) 𝐾2 ( (g/mg)/h) 𝑟
2 





The adsorption isotherm experiments were conducted with different initial arsenic 
concentrations to observe the maximum arsenic adsorption capacities on the HFM. The 
experiments were conducted at optimal pH 3.5 so that the best adsorption can be achieved. 
 




















Figure 7.4 Linearized Langmuir (top) and Freundlich (bottom) adsorption isotherm of HFM. 
Experimental conditions: sorbent dosage = 0.5 g/L, initial pH = 3.5, shaking duration = 48 hr. 
y = 0.0098x + 0.0201 






















y = 0.2597x + 1.5907 















The experimental results for the isotherm study conducted at pH 3.5 are shown in 
Figure 7.3. The maximum adsorption capacity of Zr based nanoparticles for As(v) was  found 
to be 102.04 mg/g .  
Both Langmuir and Freundlich isotherm models can well describe the experimental data 
as described in Chapter 3. The experimental data are fitted into the Langmuir and Freundlich 
isotherm models and is shown in Figure 7.4. The various constants of the Langmuir and 
Freundlich isotherm models are determined and is shown in Table 7.2. Based on the 
correlation coefficient (r
2
) value, the Langmuir model is found to be a better fit for the 
isotherm data at pH 3.5.  
Table 7.2  Langmuir and Freundlich isotherm constants for As(v) adsorption in HFM 
Langmuir isotherm Freundlich isotherm 
𝑞𝑚𝑎𝑥  (mg/g) b (L/mg) 𝑟
2 𝐾𝐹 𝑛 𝑟
2 
102.04 0.488 0.972 38.97 3.85 0.965 
 
FTIR analysis 
The FTIR spectra of As(v)-adsorbed sorbent is shown in Figure 7.5. From the spectra it 
can be seen that, there is an obvious peak at around  832 cm-1, corresponds to the As – O 




Figure 7.5 FTIR spectra of the As(v) adsorption on to the HFM 
7.1.2  Filtration study  
 
The filtration study for arsenic removal by HFM was conducted and the results are 
shown in Figure. 7.6. The concentration of the first 3700 mL permeate is below10 ppb, 
meeting the US EPA and WHO standard of 10 ppb of arsenic for drinking water. As filtration 
continues, the concentration of As is over 10 ppb, which is over the regulated limit. The total 
corresponding adsorption capacity of As in the filtration is 1.99 mg/g, which is expected. As 
we can see from the adsorption isotherm, the smaller adsorption capacity is associated when 
the equilibrium concentration is very low.  



























Figure 7.6 Arsenic removal by cross-flow filtration from aqueous solution by HFMs 
Conditions: initial arsenic concentration = 138 ppm, pH = 5.0, TMP = 0.4 bar, T = 20 °C. 
 
7.2   Adsorption of copper and lead 
 
7.2.1   Batch reactor 
 
pH Effect study 
 
The aim of the pH effect study was to investigate how the different initial pH values of 
the solutions can affect the adsorption of copper and lead onto the HFM. The experiments 
























Figure 7.7: Effect of pH on the adsorption of Cu (top) and Pb (bottom) onto the HFM. 
Experimental conditions: sorbent dosage = 0.2 g/L, initial concentration of Cu and Pb 
solution = 20 mg /L, shaking duration= 48 hr. 
The effect of initial pH on the uptake of copper and lead are shown in Error! Reference 
source not found.Figure 7.7, where the adsorption capacities of the adsorbents are plotted 
against the initial pH values at which the experiments were carried out. The results 
demonstrate that the adsorption of copper and lead is pH dependent. The uptake of copper 
and lead increases with the increase in pH and reaches a platform at pH > 5.0. The maximum 

































Initial pH  
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It should be noted that the copper and lead cations can be precipitated when the pH 
further increases. Therefore, the pH of 5.0 is set as the optimal pH for the subsequent 
experiments.  The adsorption of these two heavy metals follows the same trend as was seen in 
chapter 4 where only nanoparticles were involved. This indicates that the polymers used in 




The adsorption kinetics plays an important role in the design of reactors. As shown in 
the Figure 7.8, the uptake of copper/lead quickly occurs in the first 1 h, followed by a 
relatively slower process. The adsorption can reach the equilibrium within 4 h for both 
copper and lead cations.  
To better understand the adsorption kinetics of copper/lead on the HFMs, the 
adsorption kinetics is described by pseudo-first order and pseudo-second order models. 
As shown in Figure 7.8, the experiment data are better fit with the pseudo-second order 
equation than the pseudo-first order equation in both situations. The 𝑟2 value for the pseudo-
second order equation is higher than that for the pseudo-first order equation as demonstrated 
in Table 7.3. 
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 Experimental data for Cu
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 Experimental data for Pb
 Pseudo-first order model









Figure 7.8 Adsorption kinetics of copper/lead on the membrane: experimental data and 





Table 7.3 Adsorption kinetics constants obtained by different models 
Metals 
Pseudo-first order model Pseudo-second order model 
𝑞𝑒 (mg/g) 𝐾1 (1/h) 𝑟
2 𝑞𝑒 (mg/g) 𝐾2 ( (g/mg)/h) 𝑟
2 
   Cu 44.404 6.266 0.392 43.706 1.000 0.397 





The isotherm experiments were conducted with different initial copper and lead 
concentrations to observe the maximum copper and lead adsorption capacities on the HFM. 
Both experiments were conducted at the optimal pH 5 in order to investigate the maximum 
adsorption. 
The experimental results are presented in Figures 7.9. The maximum adsorption 
capacities are 65.36 mg/g for copper and 153.85 mg/g for lead, respectively, which are much 
higher than many other sorbents.  
Both linearized Langmuir and Freundlich isotherms are used to describe the 
experimental data, Figure 7.10 and Figure 7.11. The constants of both models given in Table 
7.4 show that the Langmuir model can better fit the data than Freundlich model in 







Figure 7.9 Isotherm potential of Cu (top) and Pb (bottom) on the HFM.  









































Figure 7.10 Experimental data and linearized Langmuir (top) and Freundlich (bottom) 
adsorption isotherm of HFM (Copper). Experimental conditions: sorbent dosage = 0.2 g/L,  
initial pH = 5.0, shaking duration = 48 hr. 
y = 0.0153x + 0.0957 




















y = 0.2835x + 1.3012 




















Figure 7.11 Experimental data and linearized Langmuir (top) and Freundlich (bottom) 
adsorption isotherm of HFM (Lead). Experimental conditions: sorbent dosage = 0.2 g/L,  
initial pH = 5.0, shaking duration = 48 hr. 
y = 0.0065x + 0.0054 



















y = 0.2459x + 1.8954 




















Langmuir isotherm Freundlich isotherm 
𝑞𝑚𝑎𝑥  (mg/g) b (L/mg) 𝑟
2 𝐾𝐹 𝑛 𝑟
2 
Cu 65.36 0.16 0.965 20.007 3.527 0.905 







The FTIR spectrum of hybrid HFM, before and after adsorption of Cu(II) and Pb(II) 
ions were recorded and shown in Figure 7.12 and Fig 7.13. It was observed that there was not 
much change in the peaks after adsorption. There was only little increase in peak intensity at 
1327 cm
-1
 after complexation of Zr-Mn oxide with the Cu(II) and Pb(II) ions. Hence this 
adsorption need to be compared and matched with the XPS analysis.   
 
 
Figure 7.12 FTIR Spectra of HFM before and after copper and lead adsorption. 
















 Pb adsorbed HFM
 Cu adsorbed HFM
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7.2.2   Filtration study  
The filtration study for copper and lead removal was conducted and the results are 
shown in Figures 7.13 and 7.14. The detail of the filtration study was described in Chapter 3. 
 
Figure 7.13 Copper removal by cross-flow filtration from aqueous solution by HFM 




























Figure 7.14 Lead removal by cross-flow filtration from aqueous solution by HFM 
Conditions: initial lead concentration = 0.1 mM, pH 5.0, TMP = 0.4 bar, T = 20 °C. 
 
As can be seen, the HFMs can remove copper/lead effectively under continuous 
filtration. The concentration of the permeate is initially extremely low, lower than 1 ppm. As 
filtration continues, the breakthrough of the concentration occurs at the permeate volume of 
2.6 L for copper and 1.0 L for lead. Finally, the concentration of the permeate reaches the 
platform (saturation), at which the corresponding adsorption capacity is 80.768 mg/g for 





























7.3  Summary of findings  
In this study, Zr-Mn NP developed early was used to produce the NP embedded hollow 
fiber membrane for removal of arsenic, copper, and lead from water solutions. Two types of 
studies were conducted, namely batch reactor study and filtration study.  
The Zr-Mn NP embedded HFM was found to be very effective in the removal of 
As(V), Cu(II) and Pb(II). Adsorption of these three substances is strongly pH dependent. The 
best adsorption for arsenic, copper and lead occurs at pH 3.5, 5.0 and 5.0, respectively.  
The adsorption kinetics experiments show that the adsorption equilibrium of As(V), 
Cu(II)/Pb(II) can be reached within 4 h. The maximal sorption capacities of As(V) was 
102.04mg/g at pH 3.5, higher than what have been observed in the literatures. The maximum 
adsorption capacities for copper and lead were 44.4 and 95.78 mg/g, respectively.  
Several filtration experiments by using the said membranes were conducted. The results 
showed that the membrane was suitable as both adsorption and filtration materials.  
Finally, the FTIR studies were performed to study the adsorption mechanisms. The 
results demonstrate that the arsenic, copper and lead were all chemically bonded onto the 
functionalized membrane materials.  
It can be concluded that the Zr-Mn NP embedded hollow fiber membrane can serve as 
one of the cost-effective materials for treating the arsenic, copper and lead contaminated 








CHAPTER 8  
 
 
ZIRCONIUM-FUNCTIONALIZED CHITOSAN BEAD 
FOR UPTAKE OF ARSENIC  
 
Chitosan is a biopolymer generally derived from N-deacetylation of chitin, which is the 
second most abundant natural polymer. It is a copolymer of 2-amino-2-deoxy-b-D-
glucopyranose and 2-acetamido-2-deoxy-b-D-glucopyranose with the repeating units linked 
via β-1,4-glycosidic bonds (Prochazkova et al., 1999).This biopolymer is known to be 
biocompatible, biodegradable and abundant in the nature. In order to make it to use for 
practical applications, it would be better if the adsorptive materials chemically linked to the 
hydrophilic polymer and form in to pellet or bead. Thus, the beads are fabricated in this study 
by introducing the crosslinking sites, which leads to the formation of insoluble network and 
the solubility and swelling during application in aqueous media can be minimized.  
The main advantage is that the separation of spent particles (adsorbents) become easier 
than that of fine particles after the adsorption process. As stated in Chapter 3, the chitosan 
solution was mixed with zirconium salt properly. These prepared solutions upon injected to 
the mixed solution of NaOH and Na2SO4 resulted in the formation of bead (ZCB). Through 
this simple approach, the adsorbent can be easily formed. The physical and chemical 
properties of the adsorbent as well as the adsorption performance as functions of operational 






8.1.  Physical properties 
8.1.1  Particle characteristics 
Figure 8.1a shows that the adsorbents are generally uniform with spherical structure. 
The electron microscopic image shown in Figure 8.1b reveals that the adsorbents have 
diameters of around 1 mm. The SEM images of the cross-sectional view reveal the presence 










Figure 8.1 Visualization of ZCB: (a) overall view; (b) scanning electron microscopic image 
of lyophilized ZCB; (c) and (d) scanning electron microscopic image of cross-sectional view 
of lyophilized ZCB at different magnifications. 
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Furthermore the presence of zirconium moiety on the ZCB is confirmed by the EDX 
analysis; the zirconium peak is completely absent in the case of only chitosan as shown in 
Figure 8.2.  
 
Figure 8.2 EDX study for the chitosan 
 
In the ZCB, there is complete absence of chlorine, revealing the formation of bond 
between the zirconium with functional groups of the chitosan (Figure 8.3).  
The designed ZCB has a high water retention capacity inside its crosslinked structure, 
which may allow the diffusion of arsenics and get adsorbed on to its network. The high water 
content of the ZCB can be observed during the thermal treatment of the swollen beads using 
TGA (Figure 8.4). It can be found from the curve as shown in Figure 8.4 that about 92% of 
the total weight corresponds to water. This result clearly indicates high water content of the 
ZCB beads in its network structure. 























ZAF Method Standardless QuantitativeAnalysis
Fitting Coefficient : 0.7670
Element (keV) Mass% Error% Atom%
C K 0.277 56.25 0.17 63.13






Figure 8.3 EDX analysis of zirconium immobilized chitosan 
 
The addition of sodium sulphate helps for the dehydration during the complex formation 
whereas, the application of basic media helps to deprotonate the alcohol and amine groups 
and make them available for coordination with zirconium ions. The electron rich species 
donate the electrons to the vacant d-orbital of zirconium ions resulting in the formation of 
chelating network. 
 

























ZAF Method Standardless Quantitative Analysis
Fitting Coefficient : 0.6704
Element (keV) Mass% Error% Atom%
C K 0.277 17.58 0.34 35.50
O K 0.525 33.52 0.51 50.82
As L 1.282 11.69 0.54 3.78





Figure 8.4 Thermogravimetric analysis of ZCB in the swollen state. 
 
Furthermore, the zirconium ion is a hard Lewis acid and therefore more likely to bind 
with hard Lewis base donors from chitosan precursors (Oxygen and Nitrogen), resulting in 
the formation of complex structure. In addition, the solvent used for the preparation of 
adsorbent needs an acetic acid that becomes neutralized by the NaOH treatment and forms 
the strong hydrogen bond with the neighbouring chain molecule. Thereby, the formation of 
adsorbent is due to the formation of coordination by the zirconium precursor and hydrogen 
bond.  
The resulted adsorbent would not be stable at acidic pH conditions and there may be a 
chance to form water swollen network. This may be due to the fact that the protonation of 
amine groups at acidic condition would result in the breaking of some of the hydrogen bonds. 
As wastewater may have different pH levels, it is desirable to have the ZCB with great 
resistance at a wider pH range. Some chemical crosslinking sites are introduced in the inter-
chain of the chitosan precursor.  
 




















92 % water loss
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The functionalized beads are further crosslinked by binary crosslinker, i.e. 
glutaraldehyde in acid (H3PO4) medium. The purpose of addition of acid is to have it as 
catalysis and for the blockage of some amine groups forming crosslinking sites. The cross-
linkage results in the formation of acetal bridges with the hydroxyl moiety of chitosan, 
leaving the amines or protonated amines as binding sites for the negatively charged arsenic. 
The final degree of crosslinking sites are optimized by a series of experiments with different 
amounts of glutaraldehyde and acid proportion according to the objective that the resulted 
adsorbent is free of swelling at wider range of pH. 
 
Figure 8.5 Surface charge as a function of pH 
 
8.1.2  Surface charge density  
The surface charge density of ZCB as a function of pH is shown in Figure 8.5. It is 
found that the surface charge density decreases with an increased pH value. The pH of zero 
point charge (pHzpc) is 5.94. This indicates that the surface of the sorbent is positively 







































8.2  Toxicity analysis 
As our designed ZCB was targeted to use for the production of safer drinkable water, we 
investigated its toxicity effect using the breast cancer stem cell. It was found that the cell 
morphology was normal even after 5-day period of testing. Figure 8.6 shows no significant 
difference in the cell density at different dosage of ZCB. These observations indicate that our 




Fig 8.6: Cell viability test of our ZCB with breast cancer stem cell (MCF7) up to 5 days of 
analysis. The figure is the comparison study of control experiment which normalised with the 












Day 1 Day 3 Day 5
Control 200 µg/ml 400 µg/ml
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8.3  Adsorption Experiments 
 
8.3.1 pH effect study 
Fig 8.7 illustrates the adsorption efficiency as a function of solution pH for two arsenic 
species, namely As(V) and DMA. The best adsorption occurs at the solution pH range of 2.5 
to 3, after which the adsorption decreases gradually as the solution pH is increased. The high 
adsorption is achieved at around 76 mg/g and 11 mg/g for As (V) and DMA (Figure 8-7a and 
b), respectively.  
 
Figure 8.7 Adsorption efficiency of adsorbent ZCB as a function of pH:  
(a) As (V);  (b) DMA. 
 
The arsenic species are negatively charged at acidic pH range. At low pH, the ZCB 
would become positively charged due to the protonation of amines, which is favourable for 
the uptake of negatively charged arsenics. Thus, better adsorption occurs at low pH. 
The adsorption of inorganic arsenic is higher than that of the DMA as shown in the 
Figure 8.7. The presence of two substituted methyl groups in DMA hinders the ionization and 






































As the pH is increased, the surface of the ZCB becomes more negatively charged, which 
results in a decreased attraction between the adsorbent and the arsenic species.  
Figure 8.8 shows the pH curve for before and after the sorption of As (V) anions. The 
sorbent seems to have good buffering effect on the solution pH after the adsorption. The 
sorption is likely due to the binding of negatively charged arsenic onto the active zirconium 
moiety that is bonded to the chitosan precursor. 
 
Figure 8.8 Change of pH during the adsorption. 
 
 
8.3.2 Adsorption kinetics study 
 
Figure 8.9 shows the adsorption efficiency as a function of time. Most of the arsenate 
ions are adsorbed from the solution within the first 2 to 3 h, followed by a relatively slow 
adsorption process. The adsorption equilibrium is established at around 6 to 8 h. The trend in 
the adsorption kinetics for the concentrations of 1 and 20 mg-As/L seems to be the same for 
As (V), indicating the suitability of the ZCB for different initial concentrations of arsenic 
species. At lower concentration of 1 ppm, the qe for As (V) adsorption value drops down to 



















Figure 8.9 Adsorption kinetics of inorganic arsenic (left) and DMA (right). 
 
 
Table 8.1: Kinetics model constants of As (V) and DMA uptake 




k1 0.8827 1.502 0.213 
qe 44.58 28.93 8.655 
r
2




k2 0.0241 0.0731 0.0244 
qe 48.196 30.598 10.162 
r
2
 0.951 0.945 0.99 
 
 
For the case of DMA, both the rate of adsorption and the adsorption efficiency (around 9 
mg/g) are lower than that of the inorganic arsenic derivative. The decreased adsorption 
efficiency is due to the substitution of two methyl groups on DMA, which provides low 
binding strength for our designed sorbent surface.  




















As (V)_20 ppm pseudo-second order
As (V)_20 ppm pseudo-first order
As (V)_1 ppm
As (V)_1 ppm pseudo-second order
As (V)_1 ppm pseudo-first order

























The data were modelled by the first and the second order kinetic models, described in 
chapter 3. The corresponding rate constants summarized from these two model are listed in 
Table 8.1.  
The data represents that, both inorganic and organic derivatives of arsenic closely fit the 
pseudo-second-order model at the working pH range. The high value of r
2
 from pseudo-
second-order equation indicates that the adsorption favours chemisorption process.   
 
8.3.3 Adsorption isotherm study 
 
Langmuir isotherm model describes homogeneous sorption, which the adsorption of 
each adsorbate molecule onto the adsorbent surface has equal adsorption activation energy. 
Freundlich adsorption isotherm is the most important multisided adsorption isotherm for 
adsorption onto heterogeneous surfaces.  
 
Fig 8.10 Linearized (a) Langmuir and (b) Freundlich adsorption isotherm of the adsorption of 
As (V)  on to the ZCB surface. 
 



































Figures 8.10 and 8.11 show that the adsorption of the both arsenic species can be better 
described by Langmuir adsorption isotherm with the regression factor (r
2
) value of 0.99 and 
0.984 for As (V) and for DMA respectively. Similarly, the graphs on Ce versus Qe is plotted 
and shown in Figure 8.12.  
 
 
Figure 8.11  Adsorption isotherm of DMA adsorbed sorbent: (A) linearized Langmuir 
isotherm; and (B) linearized Freundlich isotherm. 
 
 
Figure 8.12 Ce versus Qe of (a) arsenate and (b) DMA adsorption onto the ZCB surface 
 


































































The data are well fitted with Langmuir model; this indicates that each adsorption sites on 
the surface has identical binding sites. Higher regression factor indicates that the adsorption is 
essentially homogeneous adsorption with monolayer adsorption process.  
The calculated Langmuir and Freundlich constants for both As (V) and DMA adsorption 
are listed in Table 8.2. It can be seen that, the maximum adsorption efficiency is 98 mg/g and 
26 mg/g for As (V) and DMA at optimal working pH. The adsorption trend of As (V) > 
DMA also agrees with the recently reported literature (Wei et al., 2011). 
 
Table 8.2 Langmuir and Freundlich constants derived after As(V) and DMA bonded to ZCB 
 
Recently various nanosorbents were reportedly used for the adsorption of arsenite; 
which includes activated alumina (15.9 mg/g) (Lin T. et al, 2007), Fe coated mesoporous 
carbon (5.15 mg/g) (Gu Z. et al, 2007), Hematite (31.3 mg/g), Magnetite (25.6 mg/g) and 
goethite (12.1 mg/g) (Gimenez et al, 2007). Similarly, the adsorbent developed for the 
adsorption of DMA includes Iron coated sand (0.008 mg/g) (Thirunavukkarasu et al, 2002), 
TiO2 (2.77 mg/g) (Xu T. et al, 2007), CTS-MG (5 mg/g)(Wei Y. et al, 2011) and polymeric 
Al/Fe modified montmorillonite (18.19 mg/g) (Ramesh et al, 2007). However, the tiny nature 
of the nanoparticles sorbents may cause leaching to the filtration media, which may cause 
additional challenges for the water filtration industries. In that perspective, our material is 
advantageous, as the arsenic binding electropositive metal centre is chemically bonded to the 
chitosan macromer. Hence, the high adsorption efficiency, low cost, easy to prepare, absence 
of leachatives are the advantages of ZCB over other adsorbent system.    
 
 As (V) DMA  As(V) DMA 
Langmuir 
parameters 
qmax (mg/g) 98.03 26.178 Freundlich 
parameters 
n 4.34 2.048 
b (L/mg) 0.204 0.063 Kf 36.21 3.147 
r
2
 0.990 0.984 r
2
 0.985 0.976 
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8.3.4 Presence of Natural organic matters and counter ions 
 
Natural organic matter (NOM) is very common in natural water source. It might have 
high tendency to get adsorbed onto the surfaces of various materials, and could modify the 
properties of mineral surfaces and block the adsorption sites (Schmitt et al., 2002). On the 
other hand, the arsenic contaminated water often contains other anions which might be 
competitive in the uptake of arsenic. The presence of either NOM or anions might lower the 
adsorption efficiency of arsenic. Hence, it is important to investigate the effect of the 
coexistence of NOM or counter ions in the adsorption of arsenic. The NOM is represented by 
humic acid while the coexisting anions chosen are the most abundant anions in natural 









The presence of humic acid and some of the counter ions influences the uptake of 
arsenate. Figs. 8.13a and b show that the adsorption efficiency slightly increases with an 
increase in concentrations of humic acid and sulfate. This could be due to the introduction of 
some sorts of acidities which favour the uptake of arsenate. On the other hand, the existence 
of carbonate, phosphate and silicate retards the arsenic adsorption process. This might be due 
to the competition effect of these anions with the arsenic anions from the solution, which 

































































































8.4  Spectroscopic analysis 
 
The FTIR analysis of the Chitosan and ZCB before and after arsenic adsorption was 
carried out and the spectrum is shown in Figure 8.14. An obvious peak at around 3400 cm
-1 




Figure 8.14  FTIR spectra of the (a) chitosan, (b) functionalized ZCB and (c) after arsenic 
adsorption on to the ZCB. 
 
A peak at 1373 cm
-1 
for ZCB is due to the bending vibration of -OH groups of the Zr-O 
functionality. After adsorption of arsenic on to the ZCB, a peak at 864 cm
-1
 appears, which is 
due to the symmetric and asymmetric stretching vibration of As-O bond. This peak indicates 
a strong support for the formation of bond between the arsenic species with the functionalized 
chitosan precursor.  
 


















The adsorption behaviour of arsenate anions on to the surface of functionalized chitosan 
was investigated by XPS analysis. The high resolution O 1s spectrum of zirconium 
immobilized chitosan before and after arsenic adsorption is shown as Figs. 8.15a-b.  
In order to magnify the corresponding bond fraction with different element, these peaks 
were further deconvoluted in to daughter peak. In case of ZCB, there is a peak with binding 
energy at 531.36 eV, which is attributed to the presence of C-O/C=O. Similarly the peak with 
binding energy at 530.26 eV is due to the Zr-O bond. However, after adsorption of arsenic on 
to the ZCB, the peak intensity of Zr-O decreases and the peak intensity at 531.36 eV 
increases. After arsenic is bonded to the ZCB, the proportion of resultant intensity due to C-
O/C=O/As-O increases as compared to that of only ZCB. 
In addition, the zirconium peak after immobilization shows two peaks at the binding 
energy of 181.7 and 184.1 eV which corresponds to Zr 3d3/2 and Zr 3d5/2 respectively 
(Figure 8.16a). The Figs. (8.16b-c) shows the high resolution XPS spectrum of arsenate and 































Fig 8-16: High resolution XPS spectra of Zr 3d core level spectrum of the (a) functionalized ZCB, (b) As 3d core level spectrum of As (V) 
adsorbed ZCB and (c) DMA adsorbed ZCB. 
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EDX analysis of arsenate adsorbed ZCB confirms the formation of bond between the 







































ZAF Method Standardless Quantitative Analysis
Fitting Coefficient : 0.6704
Element (keV) Mass% Error% Atom%
C K 0.277 17.58 0.34 35.50
O K 0.525 33.52 0.51 50.82
As L 1.282 11.69 0.54 3.78




8.5   Summary of findings 
 
In this study, an innovative sorbent, ZCB was developed for the removal of arsenic 
from aqueous solution. Chitosan was first mixed with zirconium and the resulted solution 
was dropped into an alkaline solution, by which chitosan bead was formed. In order to 
make it pH resistance, the bead was further cross-linked by binary cross-linker, 
glutaraldehyde, which resulted in pH resistance zirconium functionalized beads (ZCB).  
The microscopic investigation revealed the large amount of water retention capacity 
and highly porous network structure inside the designed beads. The morphology of the 
resultant beads was characterized by scanning electron microscopy. The cytotoxicity effect 
of ZCB was carried out by using breast cancer stem cell (MCF7), which revealed that the 
ZCB was not toxic in nature in our test period.  
Several batch experiments were conducted to study the characteristics of ZCB for the 
removal of both inorganic (As V) and organic derivative (Dimethylarsenic acid, DMA) of 
arsenic from water. From the pH effect study, the optimized adsorption was found to be 
achieved at around pH 2.5 to 3. Hence further adsorption experiment was carried out at 
optimum pH conditions. Kinetic study revealed that the maximum uptake of As (V) was 
within first 2 to 3 h and the adsorption equilibrium was achieved at around 6 to 8 h. 
However, due to the substitution of two methyl groups on the DMA, the rate of its 
adsorption was slow. The adsorption isotherm of the ZCB was well described by Langmuir 
isotherm model and the maximum adsorption efficiency was observed as 98 and 26 mg/g at 
optimal pH for As (V) and DMA respectively.  
The presence of humic acid and sulphate had marginal effect on the uptake of As (V), 
whereas the presence of carbonate, phosphate and silicate hindered the adsorption.  
The FTIR and XPS studies demonstrated that the arsenic adsorption was likely due to 
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the formation of chemical bond of –O-Zr-As. From this investigation, it can be proposed 
that our functionalized adsorbent will be advantageous for the removal of arsenic species 
over other nanostructured adsorbent due to its high efficiency, easy handling and easy 
separation from the filtration media. Furthermore, as zirconium is chemically bonded to the 

























SUMMARY OF CONCLUSIONS AND SUGGESTIONS 
FOR FUTURE STUDY 
 
 
9.1  Summary 
 
Arsenic, fluoride, and heavy metals in natural water and industrial wastewater have 
posed greater issues to humans. In this study, three types of cost-effective functionalized 
materials namely Zr-Mn binary metal composite nano-particle, Zr-Mn NP embedded 
hollow fiber membrane, and zirconium-functionalized chitosan bead are developed for the 
decontamination.  
 
9.1.1  Zirconium-manganese binary hydrous oxide 
 
A nanostructured zirconium-manganese binary hydrous oxide is first synthesized by a 
one-step simultaneous oxidation and coprecipitation method. The synthetic Zr-Mn binary 
hydrous oxide is amorphous; Zr and Mn in this adsorbent exist mainly in the oxidation state 
+ IV. The Zr-Mn binary hydrous oxide particles are aggregated with smaller nanosized 
particles, resulting in a rough surface and high BET surface area of 213 m
2 
/g.  
Due to the nature of being nano-particle, it is natural to have a great concern that the 
NP would cause certain toxicity to human. The toxicity of the effluent is analysed by 
human cell lines, and the results show that these samples are cytocompatible without any 
toxic nature.  
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Removal of arsenic  
The nano particles could effectively oxidize As(III) to As(V) and greatly remove both 
As(V) and As(III). Both As(V) and As(III) sorption are strongly pH dependent and 
decreases with an increase in pH value more than 5. The kinetic study suggested that the 
sorption process is very fast, and 90% of the equilibrium adsorption capacity is achieved 
within 2.5 hours. The maximal sorption capacities of As(V) and As(III) were 80 and 104 
mg/g at pH 5.0, respectively. As(V) uptake may be mainly achieved through replacement of 
the hydroxyl groups and sulfate anions on the surface of the oxide and formation of inner 
complexes. While the As(III) removal is a sorption coupled with oxidation process, in 
which MnO2 content is mainly responsible for oxidizing As(III) to As(V) and ZrO2 
dominantly sorbes the formed As(V). 
Based on the results from the above lab-scale water treatment system, a 10 m
3
/d pilot-
scale water treatment system is developed. This system includes the devices as adsorption, 
coagulation, sedimentation and ultrafiltration membrane for treating the arsenic 
contaminated natural water (lake water dosed with arsenic with concentration of around 
100 ppb). The system has a good stability and the arsenic concentration and turbidity in the 
treated water can meet the USEPA drinking water standard. When the initial arsenic 
concentration is 100 μg/L, only 1.25 mg/L adsorbent is needed to ensure the arsenic 
concentration in the effluent meet the drinking water standard. Only a slight influence on 















Removal of copper and lead 
The Zr-Mn nanoparticles is also found to be very effective in the removal of both 
Cu(II) and Pb(II). Both adsorption are strongly pH dependent and reach the maximum 
uptake at pH>4.5 for Cu and pH> 3.5 for Pb, respectively. The adsorption equilibrium of 
Cu(II) and Pb(II) can be reached within 5 h at pH 5.0. The maximal sorption capacities of 
Cu(II) and Pb(II) are 1.247 and 0.936 mmol/g at pH 5.0, respectively. The co-substances 
have little effect on the adsorption of both heavy metals. The XPS analysis shows that the 
ZrO2 is mainly associated with the uptake of Cu(II) and Pb(II). 
 
Removal of fluoride  
The nanostructured zirconium–manganese binary hydrous oxide was developed for 
the adsorption of fluoride from water. It was found that the maximum adsorption of 
fluoride occurs between pH 2.5 to pH 3.5 for the adsorbents. The adsorption kinetics study 
showed that the adsorption of fluoride reached equilibrium at initial 4 h. The Langmuir 
model was found to be good description for the adsorption of fluoride; the maximum 
adsorption capacity at the optimal pH was 71 mg/g.  
The presence of humic acid and sulphate ions did not affect the adsorption of 
fluoride. However, the presence of phosphate and silicate ions reduced the uptake of 
fluoride. The changes in ionic strength due to the presence of NaClO4 did not affect the 
adsorption of fluoride significantly. The complexation of fluoride onto our designed sorbent 
after adsorption process was revealed by the appearance of a clear F 1s peak at 683.95 eV. 
We conclude that the designed nanostructured adsorbent is a promising material for the 




9.1.2   Zr-Mn NP embedded hollow fiber membrane 
 
Zr-Mn NP developed early is good for water treatment. However, it cannot directly 
added into the contaminated water, which can then be used for drinking. There is always a 
requirement for separation of the spent NPs. Due to the limitation, a new type of membrane 
is developed, namely, Zr-Mn NP embedded hollow fiber membrane for removal of arsenic, 
copper, and lead from water solutions.  
The Zr-Mn NP embedded HFM is found to be very effective in the removal of As(V), 
Cu(II) and Pb(II). Adsorption of these three substances is strongly pH dependent. The best 
adsorption for arsenic, copper and lead occurs at pH 3.5, 5.0 and 5.0, respectively. The 
adsorption kinetics experiments show that the adsorption equilibrium of As(V), 
Cu(II)/Pb(II) can be reached within 4 h. The maximal sorption capacities of As(V) was 
102.04 mg/g at pH 3.5, higher than what have been observed in the literatures. The 
maximum adsorption capacities for Cu and Pb were 44.4 and 95.78 mg/g respectively.  
Several filtration experiments by using the said membranes are conducted. The 
results showed that the membrane was suitable as both adsorption and filtration materials. It 
can be concluded that the Zr-Mn NP embedded hollow fiber membrane can serve as one of 
the cost-effective materials for treating the arsenic, copper and lead contaminated water.  
 
9.1.3   Zr-functionalized beads 
 
Due to the excellent properties for adsorption of arsenic, copper, lead and fluoride, it 
is natural to consider to use this element to fabricate a new granular adsorbent. Chitosan is 
first mixed with zirconium and the resulted solution is dropped into an alkaline solution, by 
which chitosan bead is formed. In order to make it pH resistance, the bead is further cross-
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linked by binary cross-linker, glutaraldehyde, which results in pH resistance zirconium 
functionalized beads.  
The ZCB can be used for the removal of both inorganic arsenic and DMA from water. 
The optimized adsorption is found to be achieved at around pH 2.5 to 3. Hence further 
adsorption experiment was carried out at optimum pH conditions. The uptake of inorganic 
arsenic occurs rapidly within first 2 to 3 h and the adsorption equilibrium is achieved at 
around 6 to 8 h. However, the rate of DMA adsorption is slower. The adsorption isotherm 
of the ZCB can be well described by Langmuir isotherm model and the maximum 
adsorption efficiency is 98 and 26 mg/g at optimal pH for As (V) and DMA respectively. 
The presence of humic acid and sulphate had marginal effect on the uptake of As (V), 
whereas the presence of carbonate, phosphate and silicate hinders the adsorption.  
The FTIR and XPS studies demonstrated that the arsenic adsorption is likely due to 
the formation of chemical bond of –O-Zr-As. From this investigation, it can be proposed 
that our functionalized adsorbent will be advantageous for the removal of arsenic species 
over other nanostructured adsorbent due to its high efficiency, easy handling and easy 











9.2   Suggestions for further studies 
 
9.2.1   Membrane development   
 
Novel and cost-effective membranes for water treatment would be very important in 
the water industry in the future. Currently, almost all the UF/MF membranes in the market 
cannot be used for the treatment of arsenic, fluoride and heavy metal containing water.  
As one can see from this study, there is some success in the development of the NP 
embedded membrane for the treatment of heavy metal and arsenic. However, more work 
would have to be conducted. As the NPs are directly added into the coating solutions, the 
NPs are not well distributed in the membrane materials. Typically, they are in the form of 
aggregates. As a result, the NPs may not fully demonstrate the powerful capacity for the 
removal of the said contaminants. Perhaps, the NPs can be treated by one or few surfactants 
so that the NPs can become better disturbed in the coating solution.  
 
9.2.2   Membrane fouling and maintenance   
 
We need to further study the effect of the impurities in the natural water on the 
operation of membrane filtration. These factors would include sulphate, natural organic 
matters, carbon, and light metals. The filter should be operated for a long period of time to 
test its limitation. Fouling can never be avoided. Based on the long-term study, we may be 
able to develop reagent for the cleaning up for the fouled membranes. The SOP may be 






9.2.3   Membrane testing 
  
Fabricated membranes will need to undergo full scale operational  test. The 
membrane system would have to be tested by a large flowrate to meet the need in the 
industries and by a small flowrate to meet the demand of households. Long term operation 
would  reveal the leaching rate of the sorbents. The challenge would be to ensure the nano 
particles stay in the membrane for longer period. 
 
9.2.4   Disposal and reuse of spent sorbents and recovery of metals 
 
Spent sorbents and the adsorbed metals can be disposed or reused upon recovery. 
Though the cytotoxicity study confirmed that our used sorbents are nontoxic in nature, 
disposal of these used sorbents need careful study and planning. Alternatively, more study 
is needed to recover and reuse of the spent sorbents and sorbed metals, such as recovery of 
arsenic, copper, lead and fluoride. NaOH may be used to recover the spent sorbents.  
Arsenic, copper, lead and fluoride are all industrial raw materials, which are needed in 
industries; e.g. semiconductor industry. Upon recovery of these metals, they can be reused 
in the industry. Cost and benefit of recovering and reusing these metals need elaborate 
studies. 
 
Desorption and regeneration experiments need to be carried out with the adsorbed 
sorbents. The best alkaline desorption solution could be determined from different alkaline 
solutions: NaOH, Na22CO3, Na2HPO4, NaHCO3 and CH3COONa.3H2O (NaAc). 
Desorption kinetics could also be examined. Concentration and associated desorption 
efficiency need to be ascertained for the best desorption solution. The metal adsorption-
desorption process could be checked for reversibility and the sorbent recovery should be 
checked for efficiency at successive cycles against various concentration of the 
contaminants. In addition, any possible dissolution from adsorbents needs to be evaluated.  
 
9.2.5   Limitations of materials and experiments 
In choosing the materials for sorbents, it was discovered that some of adsorbents are 
only good at certain pH ranges.  
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9.2.6   Fundamental study on other elements 
 
It is noted from this study that the element Zr is very powerful for the adsorption of 
the anionic substances. There are limited studies showing that some elements similar to it 
can also perform well in the decontamination.  
 
9.2.7   Fundamental study for adsorption mechanism and tools to be used 
 
It is suggested that more fundamental study be done to illustrate the adsorption 
mechanisms. The useful tools can be XPS, FTIR, NMR, and X-ray absorption fine structure 
spectroscopy, which can provide better physical pictures for the illustration of the 
interaction between the elements. In addition, the quantum chemistry calculation tool can 
be very good to be used for quantitative analysis of the binding strength among all the 
interested species. Once the mechanisms can be known, we may be able to design new 
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